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Abstract 

Contamination of soil and groundwater by organic and inorganic contaminants is a serious 

environmental issue in many industrial countries. Chlorinated solvents are among the most 

frequently found contaminants in soil and groundwater. Once released into the environment, 

they can contaminate large volumes of soil and groundwater and persist in the subsurface for 

decades. Consequently, sustainable and effective remediation strategies are needed to clean 

up such contaminated land and to improve environmental quality. 

The overall objective of this PhD thesis was to investigate the use of two selected innovative 

remediation techniques: nanoremediation and in situ thermal desorption. More specifically, 

the objectives were (1) to close some of the gaps in knowledge with respect to the mobility of 

nZVI in the subsurface that currently limit the practical use of nanoremediation for in situ 

groundwater treatment and (2) to evaluate the effectiveness of in situ thermal desorption in a 

contaminated soil by means of material flow analysis. The main findings can be summarized 

as follows: 

Nanoremediation 

 The mobility of commercially available, polyacrylic acid coated nZVI (PAA-nZVI) 

was significantly reduced in carbonate-containing porous media and in the presence 

of high dissolved calcium concentrations. 

 The maximum predicted travel distance of PAA-nZVI was reduced from approxi-

mately 1.6 m in quartz sand to just a few centimeters in pure carbonate sand. 

 Modification of the aquifer grain surfaces by means of a polyelectrolyte coating (natu-

ral organic matter, humic acid, carboxymethyl cellulose, and lignin sulfonate) affects 

the PAA-nZVI mobility in carbonate porous media. 

 The co-injection of polyelectrolytes has been shown to increase the mobility of PAA-

nZVI in carbonate-containing porous media and also in the presence of high dissolved 

calcium concentrations (as typically found in carbonate-rich aquifers). 

 Lignin sulfonate, an environmentally friendly and inexpensive agent, was identified as 

the most suitable polyelectrolyte for field applications.  

 The greatest increase in PAA-nZVI mobility in carbonate sand was achieved with co-

injected lignin sulfonate concentrations of 50 mg L
-1

 or more. At these concentrations 

the maximum PAA-nZVI travel distance in carbonate porous media was double that 

measured in the absence of lignin sulfonate. 
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In situ thermal desorption (ISTD) 

 At the investigated field site, ISTD was effective in removing the majority of chlorin-

ated solvents from soil. The target remediation value in soil vapor (10 mg m
−3

) was 

achieved after nine months of remediation, demonstrating the efficiency of ISTD for 

this particular site. 

 Material flow analysis is shown to be a suitable tool for evaluation of soil remediation 

performance. It reveals contaminant emissions into the environment, before and dur-

ing remediation and provides an overview of processes occurring throughout soil re-

mediation. 

The results presented in this PhD thesis demonstrate that the optimization of innovative tech-

niques is necessary in order to effectively remediate contaminated land. The comprehensive 

assessment of a remediation performance is another important step in the further development 

and optimization of innovative remediation techniques. This assessment should consider all 

environmental effects of the remediation in order to achieve the best environmental manage-

ment practices. 
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Kurzfassung 

Boden- und Grundwasserkontaminationen durch organische und anorganische Schadstoffe 

sind ein weitverbreitetes Problem in vielen Industrieländern. Chlorierte Kohlenwasserstoffe 

gehören dabei zu den am häufigsten vorkommenden Schadstoffen. Gelangen diese in die 

Umwelt, sind großflächige Kontaminationen des Untergrundes möglich. Zur Sanierung derart 

kontaminierter Standorte ist es notwendig nachhaltige und innovative Sanierungsverfahren zu 

entwickeln und zur Marktreife zu bringen. 

Das Ziel dieser Dissertation war es zwei ausgewählte innovative Sanierungsverfahren für die 

Grundwasser- und Bodensanierung zu untersuchen, eine Sanierung in der Praxis wissen-

schaftlich zu begleiten und diese Verfahren zu optimieren. Bei den Verfahren handelt es sich 

um die Sanierung mit Nanoeisenpartikeln und die thermische in situ Sanierung. Zum einen 

wurde das Transportverhalten von Nanoeisenpartikeln genauer untersucht, da die geringe 

Mobilität der Nanoeisenpartikel derzeit einen breiten Einsatz in der Grundwassersanierung 

verhindert. Zum anderen wurde die Effektivität der thermischen in situ Sanierung in der un-

gesättigten Bodenzone an einem Feldstandort mit Hilfe einer Stoffflussanalyse bewertet. Die 

Ergebnisse der Dissertation können folgendermaßen zusammengefasst werden: 

Sanierung mit Nanoeisenpartikeln 

 Die Mobilität von kommerziell erhältlichen mit Polyacrylsäure modifizierten Nano-

eisenpartikeln (PAA-nZVI) nimmt in carbonatreichen Aquiferen und in Gegenwart 

von hohen Calciumkonzentrationen ab. 

 Die maximale Transportreichweite beträgt 1,6 m im Quarzsand und verringert sich 

auf wenige Zentimeter im Carbonatsand. 

 Die Modifizierung der Oberfläche des Aquifermaterials mit Polyelektrolyten (natürli-

ches organisches Material, Huminsäure, Carboxymethylcellulose und Ligninsulfonat) 

beeinflusst das Transportverhalten der Nanoeisenpartikel in carbonatreichen Aquife-

ren. 

 Die Coinjektion von Polyelektrolyten zusammen mit den Nanoeisenpartikeln führt zu 

einer erhöhten Partikelmobilität bei hohen Calciumkonzentrationen und in carbonat-

reichen Aquiferen. 

 Von den verwendeten Polyelektrolyten ist Ligninsulfonat an einem Feldstandort zu 

bevorzugen, da es nicht toxisch, in großen Mengen verfügbar und preisgünstig ist. 
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 Der größte Einfluss auf die Partikelmobilität wird bei Ligninsulfonatkonzentrationen 

≥ 50 mg/l beobachtet. Die Coinjektion dieser Ligninsulfonatmenge führt zu einer 

Verdopplung der Transportreichweite der Nanoeisenpartikel in carbonatreichen Aqui-

feren. 

 

In situ thermische Sanierung 

 Durch die in situ thermische Sanierung in der ungesättigten Bodenzone wurde ein 

Großteil der Schadstoffe am untersuchten Feldstandort entfernt. Der Sanierungsziel-

wert in der Bodenluft (10 mg/m
3
) wurden nach neun Monaten erreicht. Dies verdeut-

licht die hohe Effizienz der thermischen Sanierung an diesem kontaminierten Stand-

ort. 

 Die Stoffflussanalyse ist ein geeignetes Mittel zur Evaluierung einer Sanierungsmaß-

nahme. Sie ermöglicht es, Schadstoffemissionen in die Umwelt während und nach 

Sanierung zu quantifizieren und gibt einen Überblick über Prozesse, die während der 

Sanierung im Boden stattfinden. 

 

Die Ergebnisse dieser Dissertation zeigen, dass die Weiterentwicklung von innovativen Sa-

nierungsverfahren notwendig ist, um kontaminierte Standorte effektiv zu sanieren. Eine um-

fassende Evaluierung von verschiedenen Verfahren ist ein weiterer wichtiger Schritt zur Op-

timierung und Weiterentwicklung von innovativen Sanierungstechniken. Um eine nachhalti-

ge Sanierung sicherzustellen, sollte diese Evaluierung alle Auswirkungen auf die Umwelt be-

rücksichtigen. 
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1. General introduction 

1.1. Subsurface contamination 

Contamination of soil and groundwater by organic and inorganic contaminants is a serious 

environmental issue in many industrial countries. The European Environment Agency (EEA) 

estimates that nearly three million sites in its member states are potentially polluted. Soil and 

groundwater contamination at approximately 250,000 of these sites requires clean up (EEA, 

2007). The U.S. Environmental Protection Agency (U.S. EPA) estimates that a similar num-

ber of hazardous waste sites (294,000) are present in the United States (Karn et al., 2009). 

Major causes for soil and groundwater contamination are recent and historic industrial and 

agricultural activities. Improper disposal of municipal and industrial wastes additionally 

causes elevated concentrations of a wide range of contaminants in the environment. The most 

frequently encountered soil and groundwater contaminants are heavy metals, mineral oil and 

chlorinated solvents (Karn et al., 2009; Lowry, 2007; EEA, 2007). 

Chlorinated solvents such as tetrachloroethene (PCE) and trichloroethene (TCE) have been 

produced in large quantities since the middle of the 20th century. These compounds are used 

in a variety of applications, mainly as metal degreasers, chemical intermediates, and in dry 

cleaning. Once released into the environment, chlorinated solvents can contaminate large 

volumes of soil and groundwater and persist in the subsurface for decades. Remediation of 

such contaminated sites is challenging due to the specific physicochemical properties of chlo-

rinated solvents, as they belong to the dense non-aqueous phase liquids (DNAPLs; Stroo et 

al., 2003). DNAPLs rapidly migrate through the subsurface since they are typically denser 

and less viscous than water (Kueper et al., 2003). Disconnected droplets and ganglia of 

DNAPLs (residual DNAPL) are formed in both soil and groundwater at the tailing end of the 

migrating DNAPL body (U.S. EPA, 2004). Furthermore, DNAPLs can come to rest in larger 

accumulations (DNAPL pools), which tend to form above finer-grained horizons such as clay 

(Figure 1.1). Residual and pooled DNAPLs can evaporate into the soil air and dissolve into 

groundwater, leading to a long-term contamination of soil, soil vapor, and groundwater. 

The amount of chlorinated solvents present at contaminated sites can be quite large, ap-

proaching hundreds to tens of thousands of kilograms (Brusseau et al., 2013). Consequently 

national and regional legislation has been implemented to enforce the clean up of contami-

nated land and the protection of groundwater resources, as well as to promote environmental 
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quality and public health (Cundy et al., 2008). This requires sustainable and effective remedi-

ation strategies. 

 

Figure 1.1. DNAPL release, transport, and distribution in the subsurface (modified after Mackay and 

Cherry (1989) and U.S. EPA (2004)). 

 

1.2. Conventional techniques for soil and groundwater remediation 

The most commonly applied remediation technique for contaminated groundwater in the past 

thirty years has been pump-and-treat (P&T; Mackay and Cherry, 1989; Stroo et al., 2012). 

P&T involves extraction of contaminated groundwater via groundwater wells and on-site 

treatment by, for example, activated carbon. The effectiveness of a P&T system is reduced by 

mass-transfer limitations due to slow dissolution of residual and pooled DNAPLs, slow de-

sorption/diffusion rates of contaminants, and heterogeneities in terms of hydraulic conduc-

tivity (Mackay and Cherry, 1989). These effects result in tailing (the slower rate of decline in 

dissolved contaminant concentration with continued P&T operation) and rebound (the in-

crease in contaminant concentration that can occur if pumping is discontinued). Both tailing 

and rebound hamper the site remediation by P&T (U.S. EPA, 1996; Voudrias, 2001). There-

fore, even though they may operate for decades at a single site, P&T systems are often not 

able to achieve clean up goals (Karn et al., 2009; Stroo et al., 2003). 

Soil remediation conventionally involves excavation of the contaminated soil. Excavation is, 

however, not always practical and can be extremely costly, especially at sites with deep sub-
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surface contamination or contamination beneath aboveground infrastructure. At such sites 

soil vapor extraction (SVE) appears to be a common alternative (Nobre and Nobre, 2004). 

SVE is a remediation technique for relatively permeable and homogenous soils affected by 

volatile and semi-volatile contaminants, such as chlorinated solvents (U.S. EPA, 1997a; Khan 

et al., 2004; Nobre and Nobre, 2004). SVE involves the application of a vacuum in the con-

taminated soil and subsequent extraction of the contaminated soil vapor, which is then treated 

before being released to the environment. For soils contaminated by TCE and PCE, SVE has 

become the default remediation practice (Brusseau et al., 2013). Nevertheless, it is observed 

that the effectiveness of SVE is typically reduced during later stages of operation (Brusseau 

et al., 2013). Factors contributing to this are soil heterogeneities, non-uniform contaminant 

distribution and associated limited accessibility of contaminants, higher soil-moisture content 

and mass-transfer limitations (Brusseau, 1991; Massmann et al., 2000; Poulsen et al., 1996). 

The latter are caused by, for example, slow desorption/diffusion rates and the limited volati-

lization of contaminants at normal soil temperatures (Brusseau et al., 2010; Heron et al., 

1998; Park et al., 2005). In many cases, SVE can therefore not meet cleanup criteria in a rea-

sonable time, which results in long remediation times and high remediation costs. 

Overall, P&T and SVE systems can no longer be considered as the best remediation ap-

proaches for contaminated groundwater and soil. The high costs and long operating time of 

these conventional methods drive the need to develop innovative and more effective in situ 

remediation technologies. 

1.3. Innovative remediation techniques 

Innovative remediation techniques are remediation approaches that either increase the per-

formance of a conventional method or represent a more effective alternative, making them 

faster and more cost-effective. These remediation techniques involve physical, chemical and 

biological processes, or their combinations. Some examples of innovative remediation tech-

niques are microbial techniques (such as bioventing), solvent flushing, in situ chemical oxida-

tion, in situ thermal remediation, permeable reactive barriers, and nanoremediation. Many 

innovative technologies are currently available for treatment of contaminated sites; the selec-

tion, however, depends on the contaminant present, the site characteristics, regulatory re-

quirements, and remediation time and costs (Khan et al., 2004; Mulligan et al., 2001). 
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This thesis focuses on two innovative in situ techniques, one applicable for groundwater and 

one for soil contamination: nanoremediation and thermal remediation, respectively. 

1.3.1. Nanoremediation for groundwater contamination 

Nanotechnology in remediation, also referred to as nanoremediation, has received increasing 

attention as an efficient in situ treatment technique for contaminated groundwater. Nano-

materials enable fast and efficient transformation and detoxification of contaminants, due to 

their high chemical reactivity and high specific surface area (>20 m
2
 g

-1
; Karn et al., 2009; 

Zhang, 2003). Several reactive nanomaterials such as nanoscale zero-valent iron (nZVI; Liu 

et al., 2005; Zhang, 2003), bimetallic nanoparticles (using e.g., nZVI with palladium or nick-

el; Schrick et al., 2002; Wang and Zhang, 1997), metal oxides and hydroxides (such as ferri-

hydrite and titanium dioxide; Chen et al., 2005; Tosco et al., 2012), and zeolites (Georgi et 

al., 2010; Gonzalez-Olmos et al., 2013) are currently being explored for remediation. All of 

these nanomaterials have different modes of action, including contaminant reduction, oxida-

tion and adsorption. This thesis focuses on nZVI, as a nanomaterial with the highest potential 

for contaminant transformation, particularly for chlorinated solvent detoxification, and as cur-

rently the most widely used nanomaterial for in situ groundwater treatment (Grieger et al., 

2010; Karn et al., 2009). 

Zero-valent iron is a strong reducing agent, which can be used for treatment of a variety of 

contaminants, primarily chlorinated solvents (Gillham and O'Hannesin, 1994; Liu et al., 

2005) but also pharmaceuticals (Stieber et al., 2011), pesticides (Elliott et al., 2009; Joo and 

Zhao, 2008; Sayles et al., 1997), polychlorinated biphenyls (Chuang et al., 1995; Lowry and 

Johnson, 2004), radionuclides (Cundy et al., 2008; Gu et al., 1998), and heavy metals 

(Cantrell et al., 1995; Kanel et al., 2005). For in situ groundwater remediation, zero-valent 

iron has first been applied in its granular form in permeable reactive barriers (U.S. EPA, 

1998). Although reactive barriers can effectively remove contaminants from groundwater, 

they remediate the contaminant plume but not the source zone (Li et al., 2006). Their applica-

tion is limited due to construction restrictions and therefore excludes remediation of contami-

nated sites with aboveground infrastructure or remediation of deep aquifers (Li et al., 2006; 

O’Carroll et al., 2013).  

nZVI has potential to overcome these limitations, by direct emplacement of nZVI in form of 

a water suspension within the contaminated source zone (Figure 1.2). There are, however, 

still critical aspects of the nZVI-based remediation that until now prevented the widespread 
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market and regulatory acceptance of this technique. Critical aspects include the reactivity and 

longevity of the particles as well as the nZVI emplacement within the contaminated source 

zone (Lowry, 2007; O’Carroll et al., 2013). 

Reactivity and longevity of nZVI are affected by particle properties (i.e., specific surface ar-

ea, age of the particles, and surface coating), pH and redox conditions at the investigated site, 

concentrations of reactive groundwater constituents, and concentrations of the contaminant 

itself (Liu et al., 2005; Liu and Lowry, 2006; Liu et al., 2007; Phenrat et al., 2009b). Natural 

groundwater constituents such as nitrate and oxygen can, for example, compete with the tar-

get contaminants, thereby reducing the effectiveness of nZVI towards contaminant reduction 

(O’Carroll et al., 2013). In addition, reactivity and longevity of nZVI under near-natural con-

ditions (i.e., in porous media) have rarely been investigated. Therefore, understanding and 

evaluating the factors that control nZVI reactivity and longevity, and improving particle 

properties to overcome potential obstacles are part of ongoing research. 

The emplacement of nZVI within the contaminated source zone is essential for the wide-

spread implementation of this remediation technique, since the attractiveness of nanoreme-

diation lies in its potential to be used in situ. If the particles are not delivered to the contami-

nated source zone, their potential as a highly reactive remediation agent cannot be utilized 

(Lowry, 2007). Successful emplacement depends on the injection technique, the injection ve-

locity and the mobility of nZVI in the subsurface. All of these aspects are also part of current 

investigations. 

The simplest nZVI injection technique involves the utilization of existing groundwater moni-

toring wells (Figure 1.2). In order to achieve a hydraulic gradient, parallel sets of injection 

and extraction wells can be used (Johnson et al., 2013). Other methods for nZVI injection in-

clude direct push, pressure pulse technology, pneumatic fracturing, and hydraulic fracturing 

(U.S. EPA, 2008; Grieger et al., 2010). In general, very high injection velocities compared to 

natural groundwater flow or induced fractures are needed to successfully deliver nZVI to the 

contaminated source zone (Tratnyek and Johnson, 2006).  
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Figure 1.2. Schematic representation of an in situ groundwater remediation using nZVI (modified 

after Tratnyek and Johnson, 2006). 

The mobility of nZVI in the subsurface has been shown to be a major obstacle to the nZVI 

application for in situ groundwater remediation (Crane and Scott, 2012; Grieger et al., 2010). 

Previous studies have demonstrated that nZVI-based particles are not mobile in porous me-

dia; transport distances rage from a few centimeters in sand columns (Schrick et al., 2004) to 

just a few meters measured in a three-dimensional field-scale system (Johnson et al., 2013) 

and a field demonstration in fractured sandstone (Zhang and Elliott, 2006).  

The limited nZVI mobility is a result of extensive particle aggregation and deposition onto 

aquifer grains. Particle sedimentation, pore blocking, ripening, and straining are additional 

processes that can reduce particle mobility (Bradford et al., 2002; Ryan and Elimelech, 1996; 

Yao et al., 1971). All of these processes are influenced by particle properties, including the 

particle size, composition, and surface charge (Phenrat et al., 2007; Phenrat et al., 2009a), and 

site-specific hydrochemical and hydrogeological conditions. Hydrogeochemical factors in-

clude the groundwater chemistry (i.e., water composition, ionic strength, and pH; Kim et al., 

2012; Saleh et al., 2008) and the properties of the aquifer material (such as grain size distribu-

tion, surface charge heterogeneities, surface roughness, and mineral and organic matter con-

tent; He et al., 2009; Kim et al., 2012). 

A common tool for minimizing particle aggregation and deposition onto the aquifer grains is 

surface modification of nZVI particles with polymers, polyelectrolytes, or surfactants 

(Phenrat et al., 2009a; Raychoudhury et al., 2010). These different types of surface coatings 

provide different modes of stabilizing nZVI against aggregation and deposition, which in-

clude electrostatic, steric and electrosteric stabilization (Lowry, 2007). Anionic polyelectro-
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lytes, for example, impart a negative surface charge on the nZVI, providing electrosteric re-

pulsions and therefore hindering nZVI deposition onto the aquifer matrix. 

The stability and mobility of coated nZVI, however, still remain affected by the site-specific 

groundwater chemistry. High ionic strength and especially the presence of divalent cations 

reduce the electrostatic double layer repulsions between particles as well as between particles 

and aquifer grains, increasing aggregation and deposition (Petosa et al., 2010; Saleh et al., 

2008). Lower pH values (below 7) can change the conformation of the adsorbed polyelectro-

lyte layer on the nZVI surface and decrease the charge in this layer (Kim et al., 2012). This 

results in a loss of electrosteric repulsion, causing increased particle aggregation and thereby 

reduced mobility. 

Surface charge heterogeneities encountered in aquifers are an additional factor that signifi-

cantly controls particle deposition in porous media (Elimelech et al., 2000; Yang et al., 2010). 

Negatively charged silicates and alumosilicates are dominant minerals in porous media. The 

oxides of iron, aluminum, and manganese are an important group of accessory minerals and 

the most common source of surface charge heterogeneity in aquifers (Johnson et al., 1996; 

Ryan and Elimelech, 1996). These minerals are positively charged at pH values typically en-

countered in groundwater and therefore represent favorable deposition sites for negatively 

charged surface-modified nZVI particles. Studies on the transport of latex microspheres have 

demonstrated that particle deposition onto heterogeneously charged surfaces is orders of 

magnitude higher than on surfaces having no charge heterogeneity (Song et al., 1994). The 

same effect can be expected for nZVI particles. The influence of surface charge heterogenei-

ties on the nZVI transport has, however, rarely been addressed to date, since studies investi-

gating nZVI transport were mainly carried out with homogenously charged quartz as a model 

aquifer material (Kim et al., 2009; Raychoudhury et al., 2012; Saleh et al., 2008). 

The reduced particle mobility in heterogeneous porous media will limit the practical use of 

nanoremediation for in situ groundwater treatment. One way to overcome this problem is to 

reduce surface charge heterogeneity of the aquifer grains by means of polyelectrolyte coating. 

Polyelectrolytes can adsorb onto the favorable deposition sites (e.g., positively charged iron 

oxides or edges of clay minerals) in the porous media and hence increase the repulsion be-

tween the particles and the aquifer matrix (Kim et al., 2012). Previous studies have mainly 

investigated the effects of polyelectrolytes on the transport of non-coated particles (Johnson 

et al., 2009; Jones and Su, 2012; Kretzschmar and Sticher, 1997; Pelley and Tufenkji, 2008). 
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Only limited information is available on the effects that polyelectrolytes have on the transport 

of surface-modified nZVI used for in situ groundwater remediation. 

1.3.2. In situ thermal remediation for soil contamination 

Thermal remediation techniques are applied in order to enhance the performance of SVE. 

They are effective in removing semi-volatile and volatile contaminants, including chlorinated 

solvents (Heron et al., 1998), mercury (Kunkel et al., 2006), polychlorinated biphenyls 

(Stegemeier and Vinegar, 2001), BTEX aromatics (benzene, toluene, ethylbenzene, and xy-

lenes, (Roland et al., 2011), and oil and petroleum products (Heron et al., 2005; Roland et al., 

2007). The advantageous effects of thermal treatment are based on the influence of tempera-

ture on physical and chemical parameters of the contaminants. Increasing temperature results 

in reduced density, increased vapor pressure, reduced adsorption onto solid phases, and in-

creased diffusion of the contaminants in the aqueous and gaseous phase (Heron et al., 1998; 

Roland et al., 2011; U.S. EPA, 1997b). In addition, the boiling points are reduced due to the 

formation of an azeotropic mixture with the pore water. An azeotropic mixture of, for exam-

ple, TCE and water boils at 73°C, which is 14°C less than the pure TCE (with the boiling 

point of 87°C) and significantly less than the boiling point of water (U.S. EPA, 2004). All 

these temperature effects will aid to the recovery of contaminants from soil and to the 

achievement of remediation target values within a shorter time period (Heron et al., 2005). 

Application of heat to the contaminated soil can be carried out via steam, water, and hot air 

injection, electrical resistance heating, radio frequency heating and thermal conductive heat-

ing (Heron et al., 1998). Which of these techniques is to be applied depends on the target con-

taminants and the properties of the porous media at the contaminated site (Park et al., 2005). 

Air, water, and steam injection, for example, require sites with relatively permeable zones. 

Electrical resistance heating and radio frequency heating increase the removal rates of con-

taminants from low-permeable soils (U.S. EPA, 1997a). Electrical resistance heating can, 

however, only be applied in humid soils (Roland et al., 2008) and is limited to the boiling 

temperature of water. This thesis focuses on the application of thermal conductive heating in 

complex and heterogeneous soils. Much higher temperatures in the subsurface have been 

achieved by applying this technique (Kunkel et al., 2006). 

Thermal conductive heating, also known as in situ thermal desorption (ISTD), is an efficient 

remediation technique for heterogeneous and medium- to low-permeable soils (Lemming et 

al., 2013; Triplett Kingston et al., 2010). The advantages of ISTD compared to the other 
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thermal treatment technologies are its easy implementation, its robust usage and the relatively 

low costs (Roland et al., 2008; U.S. EPA, 1997a). 

ISTD involves the simultaneous application of heat and vacuum to soils with an array of 

heating elements and SVE wells (Figure 1.3). The heat is transferred to the subsurface by 

thermal conduction from the heating elements (Stegemeier and Vinegar, 2001). This makes 

ISTD less sensitive to subsurface heterogeneities, since the thermal conductivity of different 

soil types varies only over a very narrow range, changing by only a factor of four from clay 

to sand (Kunkel et al., 2006). On the other hand, soils are not efficient heat conductors, thus 

high temperature heat sources are needed for effective energy conduction into the subsurface 

(U.S. EPA, 2004). The heating elements therefore usually operate at temperatures up to 

600°C.  

 

Figure 1.3. Schematic representation of an in situ thermal desorption system in soil (modified after 

U.S. EPA, 2004). 

ISTD has already achieved market and regulatory acceptance and was applied at several sites 

contaminated by chlorinated solvents (e.g., Heron et al., 2009; Triplett Kingston et al., 2010; 

LaChance et al., 2006). The performance of this remediation technique has mainly been eval-

uated based on the achievement of the target remediation values and the measurements of the 

contaminant concentration in the soil, taken before and after remediation (Heron et al., 2009; 

Park et al., 2005; Stegemeier and Vinegar, 2001). A detailed assessment of an in situ thermal 

remediation practice, including the overall emission of the contaminants into the environment 

before and during remediation has not been performed to date. 
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1.4. Assessment of a remediation performance 

The success of a remediation practice is defined by the achievement of the remediation goals. 

These usually include remediation target values such as contaminant concentration in soil va-

por or contaminant mass flux in groundwater. For a better understanding of the effectiveness 

of a remediation technique and its environmental impact, it is necessary to include infor-

mation about the contaminant mass present before, during, and after the remediation and the 

contaminant emissions into the environment during the course of remediation. 

Mass balance calculations as a tool to evaluate the performance of a remediation are often 

limited to the amount of contaminants removed during the remediation (Heron et al., 2009; 

Park et al., 2005; Stegemeier and Vinegar, 2001). This is mainly due to the difficulty in quan-

tifying the contaminant mass in soil prior to remediation. Soils are heterogeneous and the 

spatial distribution of contaminants such as chlorinated solvents is therefore often heteroge-

neous. This results in steep concentration gradients. In addition, the sampling density at con-

taminated sites is usually low in relation to the complex distribution of contaminants 

(Hofmann et al., 2010; Xie et al., 2011). This results in high values of relative uncertainty, 

which has to be taken into account in the assessment of a remediation performance. 

Material flow analysis is a method based on the law of conservation of mass for systematic 

assessment of the flows and stocks of materials within a system defined in both space and 

time (Brunner and Rechberger, 2004). It is a frequently applied decision-support tool in waste 

(Pires et al., 2011; Steubing et al., 2010) and resource management (Klinglmair and Fellner, 

2010; Wang et al., 2007), as well as in life-cycle assessment (Brunner and Rechberger, 2004). 

Material flow analysis has potential to be used for assessing the effectiveness of a remedia-

tion practice by means of connecting and quantifying the sources, the pathways, and the in-

termediate and final sinks of materials within a defined system. To date, material flow analy-

sis has not been used to assess the performance of a remediation process. 

1.5. Objectives of the thesis 

The overall objective of this thesis was to investigate the use of the two selected innovative 

techniques for groundwater and soil remediation: nanoremediation and in situ thermal de-

sorption. More specifically, the objectives were (1) to close some of the gaps in knowledge 

with respect to the mobility of nZVI in the subsurface that currently limit the practical use of 

nanoremediation for in situ groundwater treatment (elaborated in Studies 1 & 2) and (2) to 
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perform a detailed assessment of the effectiveness of in situ thermal desorption in a contami-

nated soil by means of material flow analysis (Study 3). 

 

Objective 1 

Nanoremediation for in situ groundwater treatment and in particular the application of na-

noscale zero-valent iron (nZVI) has received increasing attention as a beneficial remediation 

technique. However, this remediation technique suffers from the limited transport of nZVI in 

the subsurface.  

Study 1: 

Previous studies on nZVI transport have mainly been carried out in quartz porous media. 

Carbonates represent an important group of minerals in aquifers (Ryan and Elimelech, 1996; 

Mackay et al., 1986) and they can locally comprise more than 80% of porous aquifers. Their 

effect on the nZVI transport has not been addressed in any study to date. 

The aim of this study was to assess the influence of carbonate minerals in porous media on 

the transport of commercially available, polyacrylic acid coated nZVI (PAA-nZVI, 

NANOFER 25S, NANOIRON, s.r.o., Czech Republic). In order to account for the subsurface 

heterogeneities, the PAA-nZVI transport was evaluated in five model porous media, starting 

from pure quartz sand and systematically increasing the carbonate sand content. In addition, 

the influence of high dissolved calcium concentrations (which are typically encountered in 

carbonate-rich aquifers) on the PAA-nZVI transport in quartz and carbonate sand was inves-

tigated. 

Study 2: 

Aquifer heterogeneities due to carbonate minerals in porous media and high concentrations of 

dissolved calcium significantly reduce the nZVI mobility. Since such heterogeneities are 

commonly encountered in aquifers there is a need to improve nZVI mobility in these envi-

ronments. 

In this study the effect of co-injection of different polyelectrolytes (natural organic matter, 

humic acid, carboxymethyl cellulose, and lignin sulfonate) on the mobility of polyacrylic acid 

coated nZVI (PAA-nZVI, NANOFER 25S, NANOIRON, s.r.o., Czech Republic) in quartz 

and carbonate sand has been elucidated. One of the polyelectrolytes (lignin sulfonate) was 

chosen to study in detail the effect of increasing polyelectrolyte concentration on PAA-nZVI 



General introduction 

12 

transport and the combined effect of high dissolved calcium concentrations and co-injected 

polyelectrolyte on PAA-nZVI transport. 

 

Objective 2 

In situ thermal desorption (ISTD) has already been applied at several contaminated sites in 

order to remove chlorinated solvents from soil (Heron et al., 2009; Triplett Kingston et al., 

2010). A detailed assessment of an in situ thermal remediation practice is, however, still lack-

ing. 

Study 3: 

In this study, ISTD was applied to remove a chlorinated solvent source from unsaturated soil 

beneath an existing aboveground infrastructure. The aim of this study was to apply a material 

flow analysis in order to assess the effectiveness of ISTD and to reveal the total emission of 

chlorinated solvents into the environment before and during remediation. 
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Abstract 

The limited transport of nanoscale zero-valent iron (nZVI) in porous media is a major obsta-

cle to its widespread application for in situ groundwater remediation. Previous studies on 

nZVI transport have mainly been carried out in quartz porous media. The effect of carbonate 

minerals, which often predominate in aquifers, has not been evaluated to date. This study as-

sessed the influence of the carbonate minerals in porous media on the transport of polyacrylic 

acid modified nZVI (PAA-nZVI). Increasing the proportion of carbonate sand in the porous 

media resulted in less transport of PAA-nZVI. Predicted travel distances were reduced to a 

few centimeters in pure carbonate sand compared to approximately 1.6 m in quartz sand. 

Transport modeling showed that the attachment efficiency and deposition rate coefficient in-

creased linearly with increasing proportion of carbonate sand. 

2.1. Introduction 

The application of nanoscale zero-valent iron (nZVI) for in situ groundwater remediation has 

received increasing attention as a beneficial and novel remediation technique; nZVI is a 

strong reducing agent capable of rapid dechlorination of chlorinated organics and immobili-

zation of heavy metals in contaminated groundwater (Grieger et al., 2010; Karn et al., 2009; 

Zhang, 2003). A precondition for effective nZVI application is its successful delivery to the 

contaminated source zones. This has proved to be a major obstacle to widespread utilization 

of this technology (O’Carroll et al., 2013; Tratnyek and Johnson, 2006). The reported 

transport distances for nZVI-based particles range from centimeters (Schrick et al., 2004) to 

hundreds of meters (Saleh et al., 2008) in sand columns (predicted using colloid filtration 

theory), to just a few meters measured in a field demonstration in fractured sandstone (Zhang 

and Elliott, 2006). 
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The limited nZVI transport in porous media is due to particle aggregation and deposition onto 

the aquifer grains. Both of these processes depend on the particle properties, such as size, 

composition, ZVI content, and surface charge (Phenrat et al., 2007; Phenrat et al., 2009a), as 

well as on the site-specific hydrochemical and hydrogeological parameters. These include the 

groundwater chemistry (i.e., water composition, ionic strength, and pH; Kim et al., 2012; 

Phenrat et al., 2010a; Phenrat et al., 2010b; Saleh et al., 2008) and the properties of the aqui-

fer material (such as grain size distribution, surface charge heterogeneities, and mineral and 

organic matter content, He et al., 2009; Kim et al., 2012; Phenrat et al., 2011; Song et al., 

2011). Although these studies showed the effects of certain parameters on nZVI transport, 

predicting nZVI mobility in a specific type of porous media is still not possible, since the 

most influential chemical and physical heterogeneities have not been identified yet. 

Particle aggregation and deposition can be reduced by nZVI surface modification with poly-

mers, polyelectrolytes, and surfactants, or by incorporation of nZVI into silica or activated 

carbon matrices (Bleyl et al., 2012; Mackenzie et al., 2012; Phenrat et al., 2010b; Zhan et al., 

2008). Adsorbed anionic polyelectrolytes, such as polyacrylic acid (PAA), impart a negative 

surface charge on the nZVI and provide electrostatic double layer repulsions and electrosteric 

repulsions to counter attractive magnetic and van der Waals forces (Phenrat et al., 2010b; 

Raychoudhury et al., 2012; Schrick et al., 2004). The repulsive forces hinder nZVI deposition 

onto negatively charged aquifer material, which is prevalent in most subsurface media (Kim 

et al., 2012), therefore promoting nZVI mobility. 

Even though nZVI transport can be promoted by PAA-modification in negatively charged 

quartz media, it is still affected by the physical and chemical heterogeneities encountered in 

aquifers, including variations in grain size, surface charge, and type and content of natural 

organic matter and clay. Studies on the transport of latex and silica microspheres have 

demonstrated that chemical heterogeneities can be a major factor controlling colloid deposi-

tion in porous media (Chen et al., 2001; Johnson et al., 1996; Yang et al., 2010). The same 

effect is expected for much denser nZVI particles used for remediation. Previous studies in-

vestigating nZVI transport were mainly carried out in mineralogically uniform media and 

quartz as a model aquifer material (Kim et al., 2009; Raychoudhury et al., 2012; Saleh et al., 

2008). In addition, the presence of kaolinite clay in porous media at 2 wt.% has been shown 

to significantly decrease the nZVI mobility, which was attributed to heteroaggregation be-

tween kaolinite and nZVI particles and charge heterogeneities on the clay surface (Kim et al., 

2012). Carbonate minerals are common constituents of aquifers (e.g., Borden Aquifer, 
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Mackay et al., 1986) and they can (locally) comprise more than 80% of the porous aquifer 

(Geological Survey of Austria, 1994). What effect these minerals exert on the transport of 

nZVI has not been addressed in any study to date. 

In this study we have evaluated the effect of carbonate minerals in porous media on the 

transport of commercially available PAA-nZVI (NANOFER 25S) for five model porous me-

dia, starting from pure quartz sand and systematically increasing the carbonate sand content. 

The comparison between the transport in homogenous (pure quartz) media and in media with 

mineralogical heterogeneities caused by the presence of carbonate has been performed in 

well-controlled column experiments. The experimental transport data were analyzed and 

modeled using colloid filtration theory and a one dimensional convection-dispersion equa-

tion. A detailed characterization of the NANOFER 25S suspension was conducted to support 

these calculations. To our knowledge, this is the first study investigating the transport of 

commercially available NANOFER 25S particles, including two prevailing aquifer materials, 

quartz and carbonate, under injection conditions applied in groundwater remediation. 

2.2. Materials and methods  

2.2.1. Nanoscale zero-valent iron particles 

PAA-nZVI (NANOFER 25S) was supplied by NANOIRON, s.r.o. (Czech Republic) in form 

of an aqueous suspension (pH 11) with a mean primary particle diameter below 50 nm and a 

total iron concentration of ~20 wt.% (as given by the producer). The particles are modified by 

an inorganic iron oxide layer and an organic PAA coating (Kadar et al., 2011). The produc-

tion method for NANOFER 25S certainly differs from that of nZVI commonly reported in 

scientific literature (reactive iron nanoparticles, RNIP, Toda Kogyo, Japan or borohydride 

reduced nZVI particles). These different production methods will likely result in different 

structural configurations of particles, size distributions, and specific surface area (Mueller 

and Nowack, 2010; U.S. EPA, 2005), the properties that can affect the deposition and 

transport of nZVI particles. 

2.2.2. Porous media 

Standard Ottawa sand (20–30 mesh, 0.4–0.85 mm, extra pure, Fisher Scientific, Austria) was 

used as the quartz porous medium. Limestone (with ~97.0% CaCO3, ~2% MgCO3, and <1% 

aluminum and iron oxides, Appendix, Table A-1) was obtained from the Dachstein For-
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mation (Lower Austria, Austria). The limestone was crushed with a jaw crusher and then 

sieved to between 0.5 and 1 mm, in order to obtain a size fraction as similar as possible to 

that of the Ottawa sand. 

2.2.3. Preparation and characterization of PAA-nZVI suspension 

The PAA-nZVI stock suspension (~8 g L
-1

) was prepared by suspending the aqueous suspen-

sion of NANOFER 25S (50 g) provided by the producer in a 1 mM NaHCO3 solution (pH 

8.3), using an ultrasonic bath (Sonorex RK 106, Ø 240 mm, 130 mm high, 120 W indicated 

power, Bandelin electronic, Germany). Suspensions for the transport experiments and for par-

ticle characterization were prepared by further dilution of the PAA-nZVI stock suspension in 

1 mM NaHCO3 to the desired concentrations. The total iron (Fe) content was determined by 

inductively coupled plasma optical emission spectrometry (ICP-OES, Optima 5300DV, 

PerkinElmer, USA) after acid digestion. 

Morphology and primary particle size were examined using scanning electron microscopy 

(SUPRA
TM

 40 FE-SEM, Carl Zeiss, Germany). Aggregate size of PAA-nZVI in suspension 

was further determined by analyzing the obscuration time (pulse length) of a particle in a 

suspension being illuminated by a rotating laser beam, with a CCD camera positioned behind 

the measurement vessel as the detector (time of transition principle, 0.6–300 µm operation 

range, 0.2 µm resolution, limit of detection ~1000 particles mL
-1

, Eytech
TM

, Ambivalue, The 

Netherlands). Particle sedimentation was monitored by measuring the transmittance of mono-

chromatic light (wavelength 880 nm) from the suspension (TurbiScan LAB, Quantachrome, 

Germany, Comba and Sethi, 2009), acquiring the transmittance data for 25 minutes over the 

entire height of the sample suspension (~55 mm) in steps of 40 µm. 

Electrophoretic mobility and particle size were determined using dynamic light scattering and 

laser Doppler anemometry (Zetasizer Nano ZS, Malvern Instruments, UK) in the supernatant 

after two hours sedimentation. The electrophoretic mobility was determined as a function of 

pH (pH 2–10) and in the presence of monovalent and bivalent cations (in 1 mM NaHCO3 and 

0.3 mM CaCO3, respectively). The electrophoretic mobility was converted into apparent zeta 

potential by applying the Smoluchowski relationship. 

2.2.4. Preparation and characterization of porous media 

The quartz sand (QS) was acid washed before use, as described by Yang et al. (2010), in or-

der to remove metal oxide impurities from the grain surfaces. The carbonate sand (CS) was 
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rinsed with deionized water to remove any soluble solids and fine materials. Carbonate and 

quartz grains were mixed in varying proportions to obtain five different classes of porous 

media: (1) pure quartz sand (100% QS), (2) 90:10% QS:CS, (3) 50:50% QS:CS, (4) 10:90% 

QS:CS, and (5) pure carbonate sand (100% CS). 

The streaming potentials of the porous media were measured with an Electrokinetic Analyzer 

(SurPASS, Anton Paar, Austria) equipped with a cylindrical cell. The cell was equilibrated by 

circulating the background solution (1 mM phosphate buffered saline, pH 7.4) in alternate 

directions for a period of ~15 minutes prior to each measurement. The streaming potential 

was converted into zeta potential using the Fairbrother-Mastin equation (Fairbrother and 

Mastin, 1924). In addition, the alteration of the surface charge as a function of pH (pH 5–10) 

has been studied in a 1 mM NaCl background solution. 

2.2.5. Column experiments 

Transport studies were performed in borosilicate glass columns (1 cm i.d., 10 cm length, 

Omnifit, Germany). A peristaltic pump (Ismatec, Germany) was used to feed background 

electrolyte and the PAA-nZVI suspension into the columns. In order to confirm the effects of 

different injection velocity for these particles, two experiments with different velocities that 

correspond to the injection velocities commonly applied at field sites (Phenrat et al., 2010b), 

3x10
-4

 m s
-1

 and 6x10
-4

 m s
-1

 were performed in pure quartz and pure carbonate sand. The 

injection velocity of 6x10
-4

 m s
-1

 was chosen for the set of transport experiments involving 

five porous media with increasing carbonate content. 

Each column was wet packed with porous media until ~8 cm height, and then flushed with at 

least ten pore volumes with a 1 mM NaHCO3 background solution in order to remove back-

ground turbidity. Changes in the electrical conductivity and the pH due to dissolution of cal-

cium carbonate are reported in Table A-2 (Appendix). A tracer test using NaBr was then con-

ducted, and effluent bromide concentrations were analyzed by ion chromatography (ICS-

1000, Dionex, Austria). The porosities of the media ranged between 0.38 (in pure quartz) and 

0.46 (in pure carbonate). Following elution of the bromide tracer the entire PAA-nZVI sus-

pension containing ~200 mg L
-1

 total Fe in 1 mM NaHCO3 was introduced into the columns. 

In order to prevent aggregation and sedimentation, the particle suspension was sonicated pri-

or to and during the injection (ultrasonic bath, Sonorex RK 106, Ø 240 mm, 130 mm high, 

120 W indicated power, Bandelin electronic, Germany). The column effluent was collected 

every 30 seconds and analyzed for total Fe. The breakthrough curve for each transport exper-
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iment was plotted as the normalized total Fe concentration (C/C0) versus number of pore vol-

umes. The presented data are the mean results from duplicate measurements. 

2.2.6. Transport models 

2.2.6.1. Colloid filtration theory 

Colloid filtration theory (CFT) describes the deposition of particles in a porous medium in-

volving two sequential steps: transport from the fluid to the grains of the medium, and at-

tachment to the grains (Elimelech and O'Melia, 1990). These processes are described by the 

single-collector contact efficiency and the attachment efficiency. The single-collector contact 

efficiency (η0), calculated following Tufenkji and Elimelech (2004) describes the transport of 

particles to a collector as a cumulative effect of diffusion (ηD), interception (ηI), and gravita-

tional sedimentation (ηG): η0 = ηD + ηI + ηG. The attachment efficiency (α) is the proportion 

of collisions between the particles and collectors that result in attachment. It was calculated 

empirically using the normalized iron concentration (C/C0) at the plateau of the breakthrough 

curve (Kretzschmar et al., 1999; Yao et al., 1971), by applying the following equation: 

        (2.1) 

In Equation (1), dc represents the average diameter of the collector, n the porosity of the po-

rous medium, and L the length of the column (8 cm in this case). The particle deposition rate 

coefficient (kCFT) was then calculated after Kretschmar et al. (1999) and Tufenkji and 

Elimelech (2004): 

       (2.2) 

where v is the pore water velocity. 

The transport distance (LT) of PAA-nZVI at which 50% and 99.9% of particles are removed 

(C/C0 = 0.5 and 0.001, respectively) was calculated using the column properties (the average 

diameter of the collector and the porosity), the single-collector contact efficiency, and the at-

tachment efficiency (Elimelech et al., 1995) as: 

        (2.3) 
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2.2.6.2. One dimensional transport equation 

The transport of particles through a saturated porous media under steady state flow conditions 

can be described by the convection-dispersion equation (CDE), including a term for first-

order particle removal (Kretzschmar and Sticher, 1998): 

        (2.4) 

where t is the elapsed time, x is the travel distance, D is the dispersion coefficient for PAA-

nZVI particles, and k is the first-order particle removal rate coefficient. The dispersion coef-

ficient and first-order removal (kCDE) values were obtained by fitting the convection-

dispersion equation to the PAA-nZVI breakthrough curves, using the velocity applied in col-

umn experiments (CXTFIT, STANMOD software, version 2.08.1130). The removal rate co-

efficient (kCDE) was compared to the deposition rate coefficient (kCFT) calculated using col-

loid filtration theory. 

Mineralogical variations within the subsurface can be incorporated into the model simula-

tions by considering a two-patch charge heterogeneity. In the patchwise heterogeneity model 

(PHM) the surface area of the porous media is divided into favorable and unfavorable frac-

tions (Song et al., 1994), which in this study comprise the carbonate and quartz sands, respec-

tively. The heterogeneity parameter λ is defined as the proportion of favorable deposition 

sites in the porous medium, which is in our study equal to the proportion of carbonate sand. 

The average deposition rate coefficient (kPHM) is then expressed as a linear combination of 

the deposition rates onto pure quartz (kQS) and pure carbonate (kCS) sand (Chen et al., 2001): 

        (2.5) 

2.3. Results and discussion 

2.3.1. PAA-nZVI characterization 

The SEM images of the PAA-nZVI particles showed irregularly-shaped aggregates ranging 

in size from 200 nm to >1 µm (Figure 2.1). Irregular shaped particles have been previously 

observed for other nZVI particles (e.g., RNIP, Toda Kogyo, Japan; Liu et al., 2005; Nurmi et 

al., 2005). Deviation between the primary particle size given by the manufacturer (~50 nm) 

and the observed aggregates are a result of particle aggregation and sample preparation, i.e., 

drying the PAA-nZVI suspension on the grid (Domingos et al., 2009). The SEM images 
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therefore provide the information about the morphology of the primary particles and aggre-

gates, but the estimated aggregate size may not be representative of the actual particle size in 

the suspension. For that purpose the PAA-nZVI suspension was in addition characterized 

with the available complementary techniques to obtain a more thorough characterization. 

 

Figure 2.1. SEM image of PAA-nZVI. 

The laser obscuration time measurement of the PAA-nZVI suspension (~100 mg L
-1

 total Fe 

in 1 mM NaHCO3, pH 8.3) resulted in a mean particle size of 1.6±1.4 µm. This revealed a 

predominance of large aggregates in the particle suspension, and also indicated a polydis-

perse system with a broad particle size distribution. Determination of the dispersion state was 

further investigated by means of particle sedimentation in the PAA-nZVI suspension (with 

~200 mg L
-1

 total Fe in 1 mM NaHCO3, pH 8.3). This resulted in a sedimentation rate of 

0.35 mm min
-1

 and corresponds to a PAA-nZVI diameter of 1.2 µm of the settled fraction 

based on Stokes Law (PAA-nZVI density: 7.87 g cm
-3

, fluid density: 1 g cm
-3

, fluid viscosity: 

1 kg m
-1

 s
-1

). This size is in agreement with the mean particle size delivered by the laser ob-

scuration time method. The total Fe concentration in the stable fraction (supernatant after 

2 hours of sedimentation) was a factor of ten smaller (~20 mg L
-1

) than in the initial suspen-

sion, demonstrating that ~90% of the particles had already settled by this time. The hydrody-

namic diameter of the stable PAA-nZVI particles determined by dynamic light scattering was 

235±3 nm. The zeta potential of these stable PAA-nZVI particles was -41.1±0.5 mV (at neu-

tral pH and in the presence of 1 mM NaHCO3). With decreasing pH the zeta potential in-

creased, reaching the isoelectric point at pH~3 (Figure 2.2). The zeta potential of these parti-

cles was additionally measured in the presence of a 0.3 mM CaCO3 background solution, and 
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the particles exhibited a less negative charge over the whole pH range investigated. This indi-

cated that calcium screened the PAA-nZVI surface charge, an effect that has previously been 

observed for polyaspartate-, triblock copolymer-, and surfactant-modified nZVI particles 

(Saleh et al., 2008). 

 

Figure 2.2. Zeta potential of the stable fraction (supernatant after sedimentation) of PAA-nZVI as a 

function of pH and in the presence of monovalent (sodium) and bivalent (calcium) cations. 

2.3.2. Surface charge of porous media 

The streaming potentials for the five classes of porous media (0–100% CS) were determined 

at a pH of 7.4 and ionic strength of 1 mM. The results showed that the pure quartz sand was 

negatively charged (-50 mV), with the zeta potential becoming less negative with increasing 

proportions of carbonate sand (Figure 2.3a). Pure carbonate sand carried a weak negative 

charge under the same experimental conditions (-16 mV, 100% CS, Figure 2.3a). 

Previous studies have reported that the zeta potential of a heterogeneous porous medium at a 

given pH is a linear combination of the zeta potential values of the two original materials 

(Elimelech et al., 2000; Johnson, 1999). It should therefore be expected that  

        (2.6) 

where ζQS is the zeta potential of quartz sand, ζCS that of carbonate sand, and λ is the hetero-

geneity parameter (in our study, equal to the proportion of carbonate sand). 

Our results showed that the zeta potential increased approximately linearly with increasing 

carbonate content (solid line, Figure 2.3a). The values obtained for the mixtures containing 
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10 and 50% carbonate sand were, however, slightly less negative than the linear combination 

of the zeta potentials of pure quartz and carbonate sands (dashed line, Figure 2.3a). 

 

Figure 2.3. Zeta potential of the porous media as a function of (a) the proportion of carbonate sand, 

and (b) the pH. The solid line in a is a linear fit of the results, whereas the dashed line indicates the 

linear combination of the zeta potentials of pure quartz (QS) and pure carbonate (CS) sand, according 

to Equation 2.6. Note that different background solutions (BS) were used in the experiments a (phos-

phate buffered saline, ionic strength = 1 mM) and b (NaCl, ionic strength = 1 mM), which resulted in 

a slight difference in the zeta potential values at pH~7. 

The zeta potential was further determined as a function of pH in all investigated media 

(Figure 2.3b). Quartz sand carried a high negative charge over the whole pH range investigat-

ed, with the zeta potential increasing slightly from -45 mV (at pH 10) to -39 mV (at pH 5). 

The surface charge of the quartz and carbonate mixtures exhibited a less negative zeta poten-

tial in this pH range. The surface charge of pure carbonate sand increased slightly from an 

initial -12 mV (at pH 10) to -8 mV (at pH 5.7). We hereby acknowledge that at pH values 

below 8.27 calcite starts dissolving at atmospheric CO2 pressure and values obtained below 

this value represent conditions at thermodynamic non-equilibrium. 

The differences in zeta potential for quartz and carbonate sand at pH 7.4 (Figure 2.3a and b) 

resulted from the different background solutions applied. Carbonate sand and especially 

quartz sand, were more negatively charged in the presence of the phosphate buffer (Figure 

2.3a) than in the presence of NaCl (Figure 2.3b). This can be explained by phosphate adsorp-

tion onto the porous media surface, resulting in decreased zeta potentials, as previously re-

ported for the surface charge of quartz sand under different phosphate concentrations (Wang 

et al., 2011). 
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Overall, the surface charge measurements suggest that the repulsive forces between the nega-

tively charged PAA-nZVI particles and the carbonate sand surfaces will be lower than for 

quartz sand. This assumption is supported by the interaction energy profiles between quartz 

and carbonate sands and PAA-nZVI particles. We calculated the electrostatic interactions be-

tween the particles and the mineral grains according to the DLVO theory (calculated after 

Christian et al., 2008, Figure 2.4). The height of the repulsive energy barrier decreased with 

increasing carbonate content and decreasing surface charge, disappearing completely when 

the proportion of carbonate sand exceeds 50%. In the absence of a repulsive energy barrier, 

PAA-nZVI should have a strong tendency to deposit onto carbonate-rich porous media. 
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Figure 2.4. Interaction energy profiles calculated after Christian et al. (2008) between PAA-nZVI and 

porous media containing various amounts of quartz (QS) and carbonate (CS) sand. Input parameters 

were as follows: zeta potential (porous media) as in Figure. 2.3a, zeta potential (PAA-nZVI) =            

-40 mV, particle size = 1.1 µm, temperature = 293.15 K, ionic strength = 1 mM, Hamaker constant = 

1.62x10
-20

 J (Tiraferri and Sethi, 2009). 

2.3.3. Effect of injection velocity on PAA-nZVI deposition and transport 

The effect that the injection velocity has on PAA-nZVI deposition and transport was con-

firmed in two different experimental setups, with pure quartz sand and pure carbonate sand. 

Like for the previously studied reactive iron nanoparticles (RNIP, Toda Kogyo, Japan) and 

iron nanoparticles produced by borohydride reduction, the PAA-nZVI transport 

(NANOFER 25S) depended on the injection velocity, in both quartz and carbonate sands. 

Doubling the injection velocity from 3x10
-4

 m s
-1

 to 6x10
-4

 m s
-1

 significantly decreased the 
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deposition and enhanced the PAA-nZVI transport. In quartz sand the breakthrough (C/C0) 

increased from 0.32 to 0.70, while in carbonate sand the observed increase was from 0.08 to 

0.22 (Figure 2.5). The lower observed deposition at higher injection velocities can be at-

tributed to the smaller volumes of stagnation zones and higher drag forces, as reported for 

previously investigated nZVI particles (Phenrat et al., 2009a; Phenrat et al., 2010b; 

Raychoudhury et al., 2010). 

 

Figure 2.5. Experimental breakthrough curves of the bromide tracer and PAA-nZVI through quartz 

and carbonate sand at injection velocities of 3x10
-4

 m s
-1

 and 6x10
-4

 m s
-1

, respectively. Experimental 

conditions were as follows: influent iron concentration = ~200 mg L
-1

, ionic strength = 1 mM         

NaHCO3, solution pH = 8.3–9.0. 

 

2.3.4. Effect of carbonate minerals in porous media on PAA-nZVI deposition and 

transport 

Five model porous media with increasing proportions of carbonate sand were used to study 

effects of carbonate minerals on the PAA-nZVI transport.  

The results demonstrated that as the proportion of carbonate sand increased the PAA-nZVI 

deposition also increased and therefore the transport decreased (Figure 2.6). The PAA-nZVI 

breakthrough (C/C0) decreased from 0.70 in pure quartz sand to 0.18 and 0.22 in porous me-

dia containing 90% and 100% of carbonate sand, respectively (Figure 2.6). The PAA-nZVI 

breakthrough in the experiments with 90% and 100% of carbonate sand were not different 

from each other. This suggests that the deposition was dominated by the carbonate surfaces at 

carbonate loading higher than 90%. 
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Figure 2.6. Experimental breakthrough curves and model fits of PAA-nZVI in porous media contain-

ing various amounts of quartz sand (QS) and carbonate sand (CS). Experimental conditions were as 

follows: influent iron concentration = ~200 mg L
-1

, ionic strength = 1 mM NaHCO3, solution pH = 

8.3–9.0. 

The PAA-nZVI breakthrough occurred slightly ahead of the bromide tracer (Figure 2.6). This 

reflects the well-documented size exclusion effect, where the PAA-nZVI particles are ex-

cluded from the smaller pores and are thus eluted earlier, as previously observed by, e.g., 

Kretzschmar and Sticher (1997). The breakthrough curves reached a plateau at 1.5 to 2 pore 

volumes, independent on the investigated porous medium (Figure 2.6), indicating steady-state 

effluent concentrations. This suggests that, under the experimental conditions used, the PAA-

nZVI particles are removed at a constant rate in the porous media, and that the removal is 

controlled by a first-order kinetic mechanism. The removal of particles at a constant rate al-

lows the use of colloid filtration theory, which is applicable under steady state effluent con-

centrations (Yao et al., 1971), as well as the convection-dispersion equation with a first-order 

particle removal term (Chen et al., 2001). 

Colloid filtration theory can explain the deposition of particles onto porous media in terms of 

different transport mechanisms and particle sizes. The calculations of the single-collector 

contact efficiency (η0) according to Tufenkji and Elimelech (2004) showed that the values for 

η0 were almost the same for all porous media investigated (Table 2.1). This can be attributed 

to the values of the input parameters used for the η0 calculation (i.e., mean collector diameter, 

Darcy velocity, porosity, fluid viscosity, and temperature), all of which were almost identical 

for the five classes of porous media. 
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Table 2.1. Transport and deposition parameters of PAA-nZVI particles. 

Porous media ηD ηI ηG η0 α kCFT LT (99.9) LT (50) 

      s
-1

 m m 

100% QS 0.0016 0.0004 0.0134 0.0153 0.20 0.0030 1.55 0.16 

90:10% QS:CS 0.0014 0.0003 0.0138 0.0155 0.43 0.0055 0.79 0.08 

50:50% QS:CS 0.0013 0.0002 0.0138 0.0153 0.67 0.0068 0.57 0.05 

10:90% QS:CS 0.0013 0.0002 0.0138 0.0153 1.24 0.0116 0.32 0.03 

100% CS 0.0012 0.0002 0.0141 0.0155 1.20 0.0111 0.34 0.03 

Contribution of diffusion (ηD), interception (ηI), and gravitational sedimentation (ηG), single-collector contact 

efficiency (η0), attachment efficiency (α), deposition rate coefficient (kCFT), and travel distance to remove 99.9% 

and 50% of the PAA-nZVI particles (LT). 

 

The lowest η0 values were obtained for PAA-NZVI particle sizes between 200 and 500 nm. 

These correspond to the particle sizes for which the highest subsurface mobility of PAA-

nZVI can be expected in an ideal porous media (Elimelech and O'Melia, 1990). The η0 values 

increased for particles larger than 500 nm due to the increasing contribution of gravitational 

sedimentation (Figure 2.7). Gravitational sedimentation (ηG) was therefore recognized as the 

dominant mechanism for PAA-nZVI deposition in all investigated porous media (Table 2.1), 

which is attributed to the high density of the used nZVI particles (7.87 g cm
-3

) and the rela-

tively large size of the nZVI aggregates flowing through the column. 

 

Figure 2.7. Change in single-collector contact efficiency η0 (calculated after Tufenkji and Elimelech, 

2004) with particle size, and contribution of diffusion ηD, interception ηI, and gravitational sedimenta-

tion ηG. 
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The increase in PAA-nZVI deposition with an increasing proportion of carbonate sand is as-

sumed to be a result of favorable particle attachment to carbonate grains. This assumption is 

supported by the linear increase in the attachment efficiency (α) from 0.2 in pure quartz sand 

to approximately 1.2 in the porous media containing 90 to 100% carbonate sand (Table 2.1, 

Figure 2.8a). Values for α greater than 1 are physically impossible, however, particle aggre-

gation during the column experiment can result in overestimation of attachment, as observed 

previously by Phenrat et al. (2010b). A linear increase with increasing proportion of car-

bonate sand was also observed for the particle deposition rate coefficient (kCFT), which in-

creased from 0.003 s
-1

 for 100% QS to 0.011 s
-1

 for 100% CS. No difference was observed in 

the particle deposition rate between sand mixtures with 90% and 100% carbonate sand (Table 

2.1). 

 

Figure 2.8. Influence of carbonate content on the (a) attachment and (b) deposition kinetics of PAA-

nZVI in heterogeneous porous media. The solid lines are linear fits of the results. The dashed line in b 

indicates the linear combination of the removal rates of pure quartz sand (QS) and pure carbonate 

sand (CS) sand, according to Equation 2.5. 

The transport of PAA-nZVI was further described by fitting the convection-dispersion equa-

tion (Equation 2.4) to the experimental breakthrough curves. The results showed an excellent 

agreement between the experimental and fitted breakthrough curves with r
2
 >0.968 (Table 

2.2, Figure 2.6), supporting the assumption that the PAA-nZVI deposition was controlled by 

a first-order kinetic mechanism. 

The CXTFIT-fitted first-order deposition rate coefficient (kCDE) ranged from 0.002 to  

0.013 s
-1

, with the highest values recorded in the porous media with 90 and 100% carbonate 

sand (Table 2.2). Since the hydrodynamic dispersion coefficient differs from zero (Table 2.2), 

the attachment efficiency was additionally determined using kCDE and Equation 2.2 in order 
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to exclude dispersion as the dominant transport process. The values for αCDE ranged between 

0.16 and 1.33 (Table 2.2). The values for kCDE and αCDE were similar to those for the deposi-

tion rate coefficient and attachment efficiency calculated by applying the colloid filtration 

theory (Table 2.1), indicating that both approaches are applicable for describing the PAA-

nZVI deposition kinetics and that dispersion is not the dominating transport process. The par-

ticle removal rate coefficients (kCDE) for the five porous media are presented in Figure 2.8b. 

The results showed that the removal rate increased approximately linearly as the proportion 

of carbonate sand increased. The linear increase can be explained by the patchwise heteroge-

neity model (Song et al., 1994), which assumes that the average removal rate is a linear com-

bination of the removal rates onto pure quartz sand (kQS = 0.0024 s
-1

) and pure carbonate sand 

(kCS = 0.0111 s
-1

) (Equation 2.5; dashed line in Figure 2.8b). The removal rates for 10% and 

90% carbonate sand were nevertheless slightly higher than the average removal rates (kPHM) 

calculated using the patchwise heterogeneity model (Table 2.2). 

Table 2.2. Properties of the porous media, and results of the convection-dispersion and patchwise het-

erogeneity models. 

Porous media dc
 

n v D kCDE r
2 αCDE kPHM 

 mm  m s
-1

 cm
2
 s

-1
 s

-1
   s

-1
 

100% QS 0.68 0.38 6.75*10
-4

 0.061 0.0024 0.968 0.16 0.0024 

90:10% QS:CS 0.70 0.40 6.38*10
-4

 0.072 0.0063 0.992 0.49 0.0033 

50:50% QS:CS 0.70 0.45 5.66*10
-4

 0.085 0.0068 0.995 0.66 0.0067 

10:90% QS:CS 0.70 0.47 5.42*10
-4

 0.041 0.0125 0.996 1.33 0.0102 

100% CS 0.75 0.46 5.53*10
-4

 0.067 0.0111 0.992 1.19 0.0111 

Mean diameter of the porous media (dc), porosity (n), pore water velocity (v), hydrodynamic dispersion coeffi-

cient for the PAA-nZVI particles (D), removal rate coefficient (kCDE), attachment efficiency (αCDE), and average 

deposition rate coefficient (kPHM) based on the patchwise heterogeneity model. 

 

The PAA-nZVI travel length was predicted by applying the colloid filtration theory (Equation 

2.3) and setting the removal of the particles to 99.9% (close to total removal) or 50% (remov-

al of half of the particles). The maximum predicted travel length in pure quartz sand was 

1.55 m (after 99.9% particle removal), but with more than a half of the injected particles trav-

elling no further than 0.16 m (Table 2.1). In the presence of carbonate sand the predicted 

travel distance was even shorter, ranging between 0.03 m (for 50% particle removal) and 

0.34 m (for 99.9% particle removal; Table 2.1). Travel distances (99% particle removal) re-

ported by Saleh et al. (2008) for other surface modified nZVI particles (polyaspartate-, 
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triblock copolymer-, sodium dodecyl benzyl sulfonate-nZVI) in pure quartz sand were signif-

icantly higher than the values in this study, ranging from 0.6 m to ~500 m, depending on the 

ionic strength and nZVI surface coating. However, Saleh et al. (2008) performed their exper-

iments with the stable nZVI fraction (after sedimentation) at a low nZVI concentration 

(~30 mg L
-1

), while in this study the entire polydisperse suspension, as applied in the field, at 

concentrations ~200 mg L
-1

, was applied. In addition to the higher concentration, the polydis-

persity of the nZVI used here may have decreased the transport. Phenrat et al., (2009a) found 

that the larger nZVI particles aggregated much more readily than the smaller ones, leading to 

increased aggregation and lower transport. Travel distances reported by Schrick et al. (2004) 

for polyacrylic acid modified nZVI in pure quartz sand, using very high particle concentra-

tions (5 g L
-1

), were lower than values in this study, ranging from 9 to 39 cm and depending 

on the particle size. The high concentration might have contributed to the decreased travel 

distance. Travel distances (99% particle removal) reported for guar gum-coated nZVI in pure 

quartz sand (Tiraferri and Sethi, 2009) were comparable with the values in this study. The 

calculated distances ranged between 0.59 and 2.37 m, depending on ionic strength and injec-

tion velocity. The highest value was obtained applying the highest injection velocity, which is 

therefore considered to be an essential factor in enhancing the transport. Once the injection is 

terminated and groundwater flow velocity returns to background levels (that are well below 

those during injection), the PAA-nZVI particles will be retained in the porous media (Phenrat 

et al., 2010a). 

Overall, the linear increase in particle deposition and attachment efficiency with increasing 

proportions of carbonate sand demonstrated that the attachment and deposition kinetics of 

PAA-nZVI are controlled by the mineralogical variations within the subsurface. Our results 

are in agreement with those of Elimelech et al. (2000), who observed a similar linear trend for 

deposition of colloidal silica particles onto porous media containing various amounts of posi-

tively charged patches (aminosilane-modified quartz grains). Our study showed that not only 

the positively charged minerals (such as iron oxides and the edges of clay minerals) act as 

favorable deposition sites for nZVI particles, but also carbonate minerals that carry a weak 

negative surface charge in the pH range typically found in groundwater. Both will decrease 

the transport of nanoparticles in heterogeneous porous media and therefore need to be taken 

into account in the design of nZVI-based in situ remediation. 

It should be noted that higher ionic strength due to the dissolution of calcium carbonate (Ap-

pendix, Table A-2) can alter the stability of PAA-nZVI by electrostatic double layer com-
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pression and increase its deposition onto the aquifer grains (Petosa et al., 2010). In addition, 

higher dissolved calcium concentrations can destabilize the PAA-nZVI suspension and there-

fore decrease transport. This is due to specific adsorption of calcium ions onto nZVI surfaces, 

as well as complexation of calcium ions by carboxylic groups of the PAA, which results in an 

associated loss of repulsive negative charges (Ottofuelling et al., 2011; Saleh et al., 2008). 

The effect of calcium concentration on the PAA-nZVI deposition and transport was evaluated 

in different experimental setups; with pure quartz and pure carbonate sand, and including 

three different calcium concentrations (1 mM, 2.5 mM, and 5 mM CaCl2). In quartz sand the 

PAA-nZVI breakthrough (C/C0) decreased from 0.36 (in 1 mM CaCl2) to 0.14 (in 5 mM 

CaCl2), while in carbonate sand the observed decrease was from 0.10 (in 1 mM CaCl2) to 

0.03 (in 5 mM CaCl2) (Table 2.3). High aqueous calcium concentrations, which can be ex-

pected in carbonate-rich aquifers, are therefore additionally limiting the PAA-nZVI transport, 

as previously reported by Saleh et al. (2008). 

Table 2.3. Changes in breakthrough (C/C0) of PAA-nZVI through quartz and carbonate sand at three 

different calcium concentrations. Experimental conditions were as follows: influent iron concentra-

tion = ~200 mg L
-1

, injection velocity = 6x10
-4

 m s
-1

, ionic strength = 1 mM NaHCO3 + 1 mM, 2.5 

mM and 5 mM CaCl2, solution pH = 8.3–9.0. 

 Calcium concentration C/C0 

Q
u

a
rt

z 
sa

n
d

 1 mM 0.36 

2.5 mM 0.22 

5 mM 0.14 

C
a

rb
o

n
a

te
 s

a
n

d
 

1 mM 0.10 

2.5 mM 0.05 

5 mM 0.03 

 

Similar to the complexation of carboxylic groups in the PAA with dissolved calcium, the 

PAA can also adsorb on the calcite through complexation of calcium at the sand surface 

(Geffroy et al., 1999; Taylor and Sigmund, 2010). The latter may result in bridging effects 

between the PAA-nZVI and carbonate minerals and therefore enhance the particle deposition 

onto carbonate sand. These interactions and their effects on the nZVI transport need also to 

be considered when designing a nZVI application in carbonate-rich aquifers. 
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2.4. Conclusion and implications for field applications 

Our study has revealed that the PAA-nZVI (NANOFER 25S) suspension, with a mean aggre-

gate size of approximately 1.4 µm, is polydisperse and not stable. The stable fraction of this 

suspension (after two hours of sedimentation) contains significantly smaller particles with a 

diameter of ~235 nm. However, the concentration of nZVI in this stable fraction is only about 

10% of the original suspension. 

We demonstrated that carbonate minerals in aquifers and with them introduced surface 

charge heterogeneities, have a strong effect on the transport of a polydisperse suspension of 

PAA-nZVI. The results showed that even a low proportion of carbonate minerals (10%) in 

the subsurface may cause an increase in the deposition of PAA-nZVI particles and aggre-

gates, and consequently limit their transport. The favorable deposition of PAA-nZVI particles 

onto carbonate rather than quartz sand is attributed to the lower negative surface charge of 

carbonate sand. It should be further noted that surface complexations of PAA coating with 

calcite might additionally occur, as well as particle aggregation due to dissolved calcium. 

Both effects are expected to be more pronounced in carbonate-rich porous media and will re-

sult in increased particle deposition. 

The model simulations based on colloid filtration theory and the one dimensional transport 

equation showed that the PAA-nZVI attachment efficiency and deposition rate increase line-

arly with increasing proportions of carbonate sand, under the investigated conditions. The 

maximum predicted travel distances for PAA-nZVI in carbonate sand was approximately five 

times shorter than in quartz sand and not more than 0.3 m in our study, which in praxis may 

reduce chances that the nZVI suspension reaches the contaminated source zone. We 

acknowledge that the hereby performed small-scale experiments are not direct analogues for 

large-scale settings. However, the reported differences in nZVI deposition onto quartz and 

carbonate sands are also likely to manifest themselves at larger scales. The transport distance 

for nZVI-based particles is therefore likely to be low in carbonate-rich porous media, thus 

requiring more injection wells in the treatment zone and potentially a larger mass of nZVI, 

which increases the overall remediation costs. Since carbonate sands are common 

constituents of aquifers, their effects on nZVI transport needs to be taken into account in the 

design of nZVI-based remediation.  

New strategies are therefore required in order to improve PAA-nZVI transport in such heter-

ogeneous porous media. It might be possible to optimize those nZVI particle properties that 
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affect their mobility in porous media, or to enhance delivery by improving the injection tech-

niques. Another strategy might be to inject natural polyelectrolytes (with no adverse effects 

on the environment) prior to, or during the application of nZVI suspensions. Such natural or-

ganic polyelectrolytes can adsorb onto the porous media, provide a greater and more uniform 

negative surface charge and thus minimizing the deposition of negatively charged nZVI par-

ticles, as previously demonstrated by Johnson et al. (2009) and Kim et al. (2012). The effects 

that organic (and biodegradable) polyelectrolyte coatings have on aquifer surfaces will never-

theless need to be considered in future studies, which aim for improved nZVI transport in 

heterogeneous porous media. Furthermore, the ecotoxicological effects that these coatings 

may have on the subsurface organisms will also have to be determined. These introduced 

polyelectrolyte coatings could also promote bacterial growth in the subsurface (Kirschling et 

al., 2010; Xiu et al., 2010) and subsequently enhance the remediation by combining nZVI 

treatment with bioremediation. 
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3. Mobility enhancement of nanoscale zero-valent iron in car-

bonate porous media through co-injection of polyelectrolytes 

Susanne Laumann, Vesna Micić, Thilo Hofmann; submitted. 

Abstract 

The mobility of nanoscale zero-valent iron (nZVI) used for in situ groundwater remediation 

is affected by chemical and physical heterogeneities within aquifers. Carbonate minerals in 

porous aquifers and the presence of divalent cations reduce nZVI mobility. This study assess-

es the potential for enhancing the mobility of polyacrylic acid coated nZVI (PAA-nZVI) in 

such aquifers through the co-injection of polyelectrolytes (natural organic matter, humic acid, 

carboxymethyl cellulose, and lignin sulfonate). When applied at the same concentration, all 

of the polyelectrolytes produced similar enhancement of PAA-nZVI mobility in carbonate 

porous media. This increase in mobility was the result of increased repulsion between PAA-

nZVI and the carbonate matrix. Lignin sulfonate, an environmentally friendly and inexpen-

sive agent, was identified as the most suitable polyelectrolyte for field applications. The 

greatest increase in PAA-nZVI mobility was achieved with co-injected lignin sulfonate con-

centrations ≥50 mg L
-1

; at this concentration the maximum PAA-nZVI travel distance in car-

bonate porous media was double that in the absence of lignin sulfonate. 

3.1. Introduction 

Nanoscale zero-valent iron (nZVI) has been proposed as a beneficial agent for in situ remedi-

ation of aquifers contaminated with chlorinated compounds and heavy metals (Grieger et al., 

2010; Zhang, 2003). Successful emplacement of nZVI within the contaminated zone is essen-

tial for effective nZVI-based remediation (Crane and Scott, 2012; O’Carroll et al., 2013; 

Tratnyek and Johnson, 2006). Emplacement is influenced by the nZVI injection velocity 

(Phenrat et al., 2010b; Raychoudhury et al., 2010) and by the mobility of nZVI in the subsur-

face. The mobility is limited by particle aggregation, sedimentation, pore blocking, and depo-

sition onto the aquifer grains (Hofmann and von der Kammer, 2009; Ryan and Elimelech, 

1996), all of which depend on the particle properties (such as particle size, composition, and 

surface charge; Phenrat et al., 2007; Phenrat et al., 2009a), as well as on site-specific hydro-

chemical and hydrogeological parameters (including the groundwater chemistry and the 

properties of the aquifer material; Johnson et al., 2013; Laumann et al., 2013; Saleh et al., 

2008; Yang et al., 2010). 
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Surface coating of nZVI with anionic polyelectrolytes such as polyacrylic acid (PAA) can 

hinder nZVI aggregation and deposition onto negatively charged surfaces of aquifer mineral 

grains (predominantly quartz) through electrostatic and steric repulsion, thereby enhancing 

nZVI transport (Phenrat et al., 2010b; Raychoudhury et al., 2012; Schrick et al., 2004). The 

transport of coated nZVI is nevertheless still affected by surface charge heterogeneities en-

countered in aquifers induced by, for example, natural organic matter (NOM) and mineralog-

ical variations within the aquifer grains (Chen et al., 2001; Ryan and Elimelech, 1996; Yang 

et al., 2011). It has been demonstrated that weakly negatively charged carbonate minerals in 

porous aquifers can act as favorable particle deposition sites (Laumann et al., 2013), an effect 

that has also previously been demonstrated for positively charged aquifer impurities such as 

iron oxides and the edges of clay minerals (Elimelech et al., 2000; Johnson et al., 1996; Kim 

et al., 2012). 

Carbonate minerals are abundant, with calcite alone making up about 4% of the earth's crust 

(Heberling et al., 2011; Zhong and Mucci, 1995). Carbonates are therefore common constitu-

ents of porous aquifers. It has been shown that, even if only present in low proportions, they 

can significantly reduce the mobility of nZVI (Laumann et al., 2013). The favorable deposi-

tion of coated nZVI particles onto carbonate grains has been attributed to the weak negative 

surface charge of carbonates and the increase in nZVI aggregation caused by dissolved calci-

um (Laumann et al., 2013). Groundwater in carbonate-bearing porous aquifers characteristi-

cally contains high concentrations of divalent cations, with calcium concentrations of up to 

5 mM (Stumm and Morgan, 1996). High ionic strength and high calcium concentrations alter 

nZVI stability by both electrostatic double layer compression and specific adsorption of cal-

cium ions onto the nZVI surfaces (Ottofuelling et al., 2011; Petosa et al., 2010). This results 

in a reduction in the electrostatic repulsive forces between the nZVI particles and the aquifer 

matrix, and hence in reduced nZVI mobility (Saleh et al., 2008). 

In order to enhance the emplacement of nZVI in carbonate-bearing porous media it is neces-

sary to improve nZVI mobility. This can be achieved by increasing the repulsion between the 

nZVI and the carbonate surfaces. Modifying the aquifer grains by means of polyelectrolyte 

coating can increase the overall surface charge of the aquifer grains and improve nZVI stabi-

lization, thereby resulting in increased nZVI mobility. Previous studies have mainly investi-

gated the effects of polyelectrolytes on the transport of non-coated particles such as iron ox-

ides, copper, and latex microspheres (Flynn et al., 2012; Jones and Su, 2012; Kretzschmar 

and Sticher, 1997; Pelley and Tufenkji, 2008). Johnson et al. (2009) showed that the mobility 
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of non-coated nZVI particles in quartz porous media is improved when they are co-injected 

with NOM. The NOM adsorbs onto the non-coated particles, which results in reduced nZVI 

aggregation and reduced deposition onto quartz grains. Only limited information is available, 

however, on the effects that co-injected polyelectrolytes have on the transport of coated 

nZVI. Kim et al. (2012) showed that an excess of polyaspartate in an nZVI suspension en-

hances the transport of polyaspartate-coated nZVI in porous media containing kaolinite clay. 

This was ascribed to the reduced heteroaggregation between kaolinite and nZVI, and to poly-

aspartate adsorption onto positively charged impurities in the porous media, such as metal 

oxides and the edges of kaolinite (Kim et al., 2012). 

We hypothesize that the co-injection of polyelectrolyte with coated nZVI can similarly en-

hance nZVI transport in carbonate-bearing aquifers. Carbonate-bearing aquifers are, however, 

known to contain higher concentrations of dissolved calcium that might induce bridging be-

tween the nZVI coating and the polyelectrolyte coating on aquifer grain surfaces (Chen et al., 

2006; Dong and Lo, 2013; Phenrat et al., 2010c). This effect could result in increased nZVI 

aggregation and deposition onto aquifer grain surfaces, and hence in reduced nZVI transport. 

In contrast, adsorption of the co-injected polyelectrolyte onto the coated nZVI surface might 

prevent particle destabilization in the presence of dissolved calcium by increasing electroster-

ic repulsion, as previously observed for other nanoparticles (Liu et al., 2013; Qu et al., 2010). 

This would increase particle stability and reduce attachment to the collector surfaces. It is 

therefore essential to take into account these various interactions when evaluating the overall 

effect that the co-injection of polyelectrolytes has on the mobility of coated nZVI. 

In this study we have therefore investigated (1) the effect that different types of co-injected 

polyelectrolytes have on the transport of PAA-coated nZVI (PAA-nZVI) in carbonate porous 

media, comparing the results to the effect that they have in quartz porous media. We then se-

lected one of the polyelectrolytes (lignin sulfonate) to study in detail (2) the effect that in-

creasing polyelectrolyte concentration has on PAA-nZVI transport and (3) the combined ef-

fect of high dissolved calcium concentrations and co-injected polyelectrolyte on PAA-nZVI 

transport. To our knowledge this is the first study to have addressed the enhancement of nZVI 

mobility in carbonate porous media by co-injection of polyelectrolytes. Furthermore, the po-

tential of lignin sulfonate as an environmentally friendly and inexpensive polyelectrolyte in 

nZVI applications has not previously been recognized. This study may therefore help to close 

some of the gaps in our knowledge that currently limit the practical use of nanoremediation 

for in situ groundwater remediation. 
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3.2. Material and methods 

3.2.1. Polyelectrolytes 

Four different polyelectrolytes were used in this study: Suwannee River NOM (International 

Humic Substance Society), humic acid (Fluka, Austria), carboxymethyl cellulose (CMC, 

Sigma Aldrich, Austria), and lignin sulfonate (Otto Dille GmbH, Germany). Both NOM and 

one of its major components, humic acid, are known to improve the stability and transport of 

nanoparticles in the environment (Johnson et al., 2009; Jones and Su, 2012; Kretzschmar et 

al., 1995; Yang et al., 2010). CMC is a water-soluble, environmentally friendly polyelectro-

lyte, known to effectively stabilize nZVI and increase its transport in porous media (He and 

Zhao, 2007; He et al., 2009). Lignin sulfonate is water-soluble (Nyman et al., 1986), non-

toxic (Milczarek et al., 2013), and has previously been used as a stabilizing agent for silver 

nanoparticles (Milczarek et al., 2013). As a byproduct of wood pulp production, lignin sul-

fonate is inexpensive and available in large quantities (Pang et al., 2008). This makes lignin 

sulfonate advantageous for field applications and we therefore chose this polyelectrolyte for 

more detailed investigations into the effect that varying polyelectrolyte concentrations, in-

cluding the high dissolved calcium concentrations that could be expected in carbonate-

bearing aquifers, have on PAA-nZVI mobility. 

Stock solutions of all selected polyelectrolytes were prepared in 1 mM NaHCO3 and filtered 

through a 0.45-µm cellulose acetate filter (Millipore, Germany) in order to remove any insol-

uble impurities (Bai et al., 2009). 

3.2.2. Nanoscale zero-valent iron 

The PAA-nZVI (NANOFER 25S) was supplied by NANOIRON, s.r.o. (Czech Republic) in 

the form of an aqueous suspension (pH = 11) with a mean primary particle diameter below 

50 nm and a total iron concentration of ~20 wt.% (as given by the producer). The particles 

had been modified by an iron oxide layer and a PAA coating (Kadar et al., 2011). 

The PAA-nZVI suspensions (~200 mg L
-1

 total iron) used in transport experiments and for 

particle characterization were prepared by suspending NANOFER 25S in a 1 mM NaHCO3 

solution (pH = 8.3) containing 50 mg L
-1

 of a polyelectrolyte (NOM, humic acid, CMC, or 

lignin sulfonate). For the set of experiments with lignin sulfonate, various lignin sulfonate 

concentrations (10, 25, 50, 250 and 500 mg L
-1

) were added to the same NANOFER 25S sus-

pension (~200 mg L
-1

 total iron in 1 mM NaHCO3). In order to investigate the effect of dis-
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solved calcium on the transport of PAA-nZVI co-injected with lignin sulfonate, the 

NANOFER 25S particles were suspended in 1 mM NaHCO3 solutions containing 50 mg L
-1

 

lignin sulfonate and three different calcium concentrations (1, 2.5, and 5 mM CaCl2). All sus-

pensions were prepared using an ultrasonic bath (Sonorex RK 106, Ø 240 mm, 130 mm high, 

120 W indicated power, Bandelin electronic, Germany). The total iron content in suspension 

(~200 mg L
-1

 in all experiments) was determined by inductively coupled plasma optical 

emission spectrometry (ICP-OES, Optima 5300DV, PerkinElmer, USA) after acid digestion. 

The PAA-nZVI size was determined by analyzing the obscuration time (pulse length, time-

of-transition principle) of a particle in different nZVI suspensions illuminated by a rotating 

laser beam, with a CCD camera positioned behind the measurement vessel (Eytech
TM

, Am-

bivalue, The Netherlands). The sedimentation of PAA-nZVI was also monitored by measur-

ing the transmittance of monochromatic light (wavelength 880 nm) in the suspensions (Tur-

biScan LAB, Quantachrome, Germany), as described in Laumann et al. (2013). The resulting 

sedimentation rates were converted into PAA-nZVI diameters for the settled fraction using 

Stokes' law (PAA-nZVI density given by the producer: 7.87 g cm
-3

, fluid density: 1 g cm
-3

, 

fluid viscosity: 1 kg m
-1

 s
-1

). 

The electrophoretic mobility of the PAA-nZVI was measured in the stable fraction of the 

suspension (i.e., the supernatant after two hours of sedimentation) using laser Doppler ane-

mometry (Zetasizer Nano ZS, Malvern Instruments, UK). The electrophoretic mobility was 

determined in the presence of 1 mM NaHCO3, in the presence of 1 mM NaHCO3 and various 

polyelectrolytes, and in the presence of 1 mM NaHCO3 with lignin sulfonate and dissolved 

calcium. The electrophoretic mobility was converted into zeta potential by applying the 

Smoluchowski relationship (Hunter, 1988). 

3.2.3. Porous media 

Standard Ottawa sand (20–30 mesh, 0.4–0.85 mm, extra pure, Fisher Scientific, Austria) was 

used as the quartz porous medium. The quartz sand was acid washed before use in order to 

remove any metal oxide impurities from the grain surfaces, following the procedure de-

scribed by Yang et al. (2010). Limestone (with ~97.0% CaCO3, ~2% MgCO3, and <1% alu-

minum and iron oxides, Appendix Table A-1) was crushed with a jaw crusher and then sieved 

to between 0.5 and 1 mm, in order to obtain a size fraction as similar as possible to that of the 

Ottawa sand. The carbonate sand was rinsed with deionized water in order to remove any 

soluble solids and fine material (Laumann et al., 2013). 
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The streaming potentials of the porous media were measured using an Electrokinetic Analyz-

er (SurPASS, Anton Paar, Austria) equipped with a cylindrical cell. The cell was equilibrated 

by circulating the background solution in alternating directions for a period of ~15 minutes 

prior to each measurement. The streaming potential was determined in the presence of 1 mM 

NaCl only, in the presence of 1 mM NaCl and different lignin sulfonate concentrations (10–

500 mg L
-1

) and calcium concentrations (1–5 mM CaCl2). The streaming potential was con-

verted into zeta potential using the Fairbrother-Mastin equation (Fairbrother and Mastin, 

1924). 

3.2.4. Column experiments 

The transport studies were performed in borosilicate glass columns (1 cm i.d., 10 cm length, 

Omnifit, Germany). A peristaltic pump (Ismatec, Germany) was used to feed background 

electrolyte and the PAA-nZVI suspensions into the columns. All experiments were carried 

out under an injection velocity of 6 x 10
-4

 m s
-1

, which corresponds to injection conditions 

currently applied in field studies (Phenrat et al., 2010b). Each column was wet packed with 

model porous media to a height of ~8 cm and flushed with at least ten pore volumes of back-

ground solution (1 mM NaHCO3 or 1 mM NaHCO3 with 1, 2.5, and 5 mM CaCl2) in order to 

remove background turbidity. A tracer test using NaBr was conducted prior to the nZVI and 

polyelectrolyte injection and effluent bromide concentrations were analyzed by ion chroma-

tography (ICS-1000, Dionex, Austria). The porosities of the media ranged between 0.39 (in 

quartz sand) and 0.49 (in carbonate sand). Following the elution of the bromide tracer, the 

PAA-nZVI suspensions (~200 mg L
-1

 total iron) were co-injected with different polyelectro-

lyte solutions (NOM, humic acid, CMC, and lignin sulfonate), each at concentrations of 

50 mg L
-1

. In a separate set of experiments, different lignin sulfonate concentrations (10, 25, 

50, 250 and 500 mg L
-1

) and dissolved calcium concentrations (1, 2.5, and 5 mM CaCl2) were 

co-injected with the same PAA-nZVI suspension (~200 mg L
-1

 total iron). Control injections 

of a pure lignin sulfonate solution (50 mg L
-1

 in 1 mM NaHCO3) and the pure PAA-nZVI 

suspension (in 1 mM NaHCO3, without any polyelectrolyte) were performed in parallel. In 

order to reduce nZVI particle aggregation and sedimentation, the PAA-nZVI suspension was 

sonicated prior to and during the injection in all experiments (ultrasonic bath, Sonorex RK 

106, Ø 240 mm, 130 mm high, 120 W indicated power; Bandelin electronic, Germany). The 

column effluent was collected every 30 seconds and analyzed for total iron. The lignin sul-

fonate in the control experiment was determined by UV-vis spectroscopy (LAMBDA 35, 
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PerkinElmer, USA) at a wavelength of 280 nm (Grigg and Bai, 2004; Nanthakumar et al., 

2010). The reported data for all column experiments represent the mean of results from du-

plicate measurements. The experimental transport data were analyzed using colloid filtration 

theory and a one dimensional convection-dispersion equation (details of the models used are 

provided in Chapter 2.2.6). 

3.3. Results and discussion 

3.3.1. Characterization of PAA-nZVI suspension 

The laser obscuration time measurements for the pure PAA-nZVI suspension (~200 mg L
-1

 

total iron in 1 mM NaHCO3, pH = 8.3) yielded a mean aggregate size of 1.32 ± 1.04 µm 

(Table 3.1, number distribution). This indicated that the pure PAA-nZVI (NANOFER 25S) 

suspension is a polydisperse system with a broad particle size distribution, as previously ob-

served by Laumann et al. (2013). The presence of different concentrations of polyelectrolytes 

(NOM, humic acid, CMC, lignin sulfonate) had no significant effect on the PAA-nZVI ag-

gregate size (Table 3.1, average aggregate size 1.21 µm). The PAA-nZVI aggregate size gen-

erally increased in the presence of dissolved calcium (Table 3.1, average aggregate size in-

creased to 3.33 µm) due to nZVI aggregation as a result of reduced electrostatic repulsion. 

However, no increase in PAA-nZVI aggregate size was observed in the calcium solution con-

taining 50 mg L
-1

 lignin sulfonate, in fact the PAA-nZVI aggregates in this suspension were 

somewhat smaller than those in the pure PAA-nZVI suspension (Table 3.1, average aggregate 

size decreased to 1.12 µm). Lignin sulfonate stabilized the PAA-nZVI suspension in the pres-

ence of dissolved calcium, probably due to an increase in electrosteric repulsion between 

PAA-nZVI particles. 

The dispersion states of the PAA-nZVI suspensions were further investigated by monitoring 

particle sedimentation. The Stokes diameter of PAA-nZVI aggregates in the suspensions with 

various concentrations of polyelectrolytes averaged 1.45 µm, which is comparable to that in 

the pure suspension (1.52 µm; Table 3.1). The PAA-nZVI diameter increases in the presence 

of calcium (average size 2.16 µm, Table 3.1), while a slightly smaller size (1.30 µm on aver-

age, Table 3.1) was observed for the PAA-nZVI aggregates in the suspension with both cal-

cium and 50 mg L
-1

 lignin sulfonate. The results of the sedimentation test therefore corrobo-

rate the results obtained from the laser obscuration time method. 
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Table 3.1. Size and zeta potential of PAA-nZVI particles in different suspensions and pH of the sus-

pensions. 

PAA-nZVI suspension Size 

(Laser obscuration time) 

Size 

(Stokes law) 

Zeta potential pH 

in 1mM NaHCO3 + μm μm mV  

Pure 1.32 ± 1.04 1.52 -49.10 ± 1.12 8.30 

50 mg L
-1

 NOM 1.27 ± 1.05 1.38 -52.20 ± 0.80 7.87 

50 mg L
-1

 CMC 1.18 ± 0.83 1.52 -52.92 ± 1.15 8.32 

50 mg L
-1

 humic acid 1.20 ± 0.80 1.52 -51.55 ± 0.58 8.19 

10 mg L
-1

 lignin sulfonate 1.21 ± 0.90 1.52 -45.83 ± 0.49 7.99 

25 mg L
-1

 lignin sulfonate 1.17 ± 0.86 1.42 -49.23 ± 0.46 7.96 

50 mg L
-1

 lignin sulfonate 1.23 ± 1.01 1.36 -51.67 ± 0.91 8.12 

250 mg L
-1

 lignin sulfonate 1.18 ± 0.88 1.48 -51.77 ± 1.25 7.93 

500 mg L
-1

 lignin sulfonate 1.26 ± 0.99 1.40 -51.70 ± 0.72 7.57 

1 mM CaCl2 2.49 ± 2.59 1.79 -19.58 ± 1.34 8.20 

2.5 mM CaCl2 4.33 ± 3.63 2.50 -17.25 ± 0.52 8.17 

5 mM CaCl2 3.18 ± 2.94 2.20 -15.62 ± 0.44 8.08 

1 mM CaCl2 + 50 mg L
-1

 

lignin sulfonate 

1.15 ± 0.74 1.45 -20.43 ± 1.42 7.89 

2.5 mM CaCl2 + 50 mg L
-1

 

lignin sulfonate 

1.10 ± 0.61 1.21 -17.27 ± 0.38 8.09 

5 mM CaCl2 + 50 mg L
-1

 

lignin sulfonate 

1.10 ± 0.60 1.23 -17.83 ± 0.70 8.09 

 

The zeta potential of PAA-nZVI, derived from electrophoretic mobility measurements, was -

49.1 mV. The presence of the investigated polyelectrolytes at different concentrations did not 

significantly change the zeta potential of the PAA-nZVI particles (average zeta potential        

-50.9 mV, Table 3.1), as would be expected because of the strongly negative PAA coating. In 

the presence of dissolved calcium and at higher ionic strength the zeta potential of the PAA-

nZVI particles decreased (average zeta potential -17.5 mV, Table 3.1) as a result of electro-

static double layer compression and possible calcium adsorption onto the nZVI surfaces. This 

effect has been previously observed for other polymer-coated nZVI particles (Dong and Lo, 

2013; Saleh et al., 2008). A similar decrease in zeta potential was also observed when both 

calcium and 50 mg L
-1

 lignin sulfonate were added (average zeta potential -18.5 mV, Table 

3.1). 
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3.3.2. Surface charge of porous media 

The zeta potentials of the two porous media were derived from streaming potential measure-

ments and determined in the presence of different calcium and lignin sulfonate concentra-

tions. Quartz sand was found to be negatively charged (-44.6 mV, Figure 3.1), while the car-

bonate sand carried a weaker negative charge (-11.3 mV, Figure 3.1), as previously observed 

by Laumann et al. (2013). 

The presence of lignin sulfonate in the background solution did not affect the zeta potential of 

the quartz sand: it remained between -44.6 mV and -41.4 mV in the presence of 0–500 mg L
-1

 

lignin sulfonate (Figure 3.1a). In contrast, the zeta potential of the carbonate sand increased 

significantly in the presence of lignin sulfonate, from -11.3 mV to -31.2 mV (Figure 3.1a). 

This suggests that lignin sulfonate adsorbs onto the carbonate grain surfaces thereby increas-

ing the negative surface charge of the carbonate sand. Increasing lignin sulfonate concentra-

tions from 10 to 500 mg L
-1

 did not result in any major change in the zeta potential of the 

carbonate sand, which remained at an average of -28.6 mV (Figure 3.1a).  

With increasing calcium concentration in the background solution (from 1 to 5 mM), the zeta 

potential decreased for both the quartz and carbonate sands (Figure 3.1b). A high ionic 

strength together with the presence of calcium results in a reduction of the aquifer grain sur-

face charge, as previously observed by, e.g., Heberling et al. (2011). 

When 50 mg L
-1

of lignin sulfonate was added to 1 mM and 2.5 mM calcium solutions the 

zeta potential of the quartz sand remained similar to that in the pure calcium solutions (Figure 

3.1b and c). Nevertheless, when the same amount of lignin sulfonate was added to a solution 

containing 5 mM calcium an increase in the zeta potential of the quartz sand (from -8.5 mV 

to -16.5 mV) was observed. The high calcium concentration can facilitate the lignin sulfonate 

adsorption onto quartz, as previously observed for lignin sulfonate adsorption onto dolomite 

by Bai et al. (2009). 

The zeta potential of the carbonate sand significantly increased when 50 mg L
-1

of lignin sul-

fonate was added to each calcium containing solution (1 mM, 2.5 mM, and 5mM), irrespec-

tively of the calcium concentration (Figure 3.1b and c). This shows that lignin sulfonate ad-

sorption onto the carbonate grain surface prevents reduction of the carbonate surface charge 

by the dissolved calcium. 
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Figure 3.1. Zeta potential of quartz sand and carbonate sand at pH ~ 9 as a function of (a) the lignin 

sulfonate concentration, (b) the calcium concentration, and (c) the calcium concentration in the pres-

ence of 50 mg L
-1

 lignin sulfonate. 
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3.3.3. Polyelectrolyte interaction with porous media 

The interaction between polyelectrolytes and the porous media was studied by injecting a lig-

nin sulfonate solution (50 mg L
-1

 in 1 mM NaHCO3) into columns filled with either quartz 

sand or carbonate sand. 

The breakthrough (C/C0) of lignin sulfonate varied depending on the porous media (Figure 

3.2). In quartz sand, the lignin sulfonate breakthrough matched that of the conservative bro-

mide tracer, demonstrating no significant retardation of lignin sulfonate. Model simulations 

based on the convection-dispersion equation showed a retardation factor of 1.0 for lignin sul-

fonate transport in quartz sand (Table A-3, Appendix). Since both lignin sulfonate and quartz 

sand are negatively charged at a pH of around 8, any surface interactions between these com-

ponents are inhibited by electrostatic repulsion. This is consistent with previous studies re-

porting little or no adsorption of other anionic polyelectrolytes (NOM, humic acid) onto 

quartz surfaces (Johnson et al., 2009; Johnson and Logan, 1996; Lenhart and Saiers, 2003; 

Mibus et al., 2007). 

 

Figure 3.2. Breakthrough curves of lignin sulfonate and the bromide tracer in quartz sand and in car-

bonate sand (injection velocity: 6 x 10
-4

 m s
-1

, C0: 50 mg L
-1

 lignin sulfonate in 1 mM NaHCO3). The 

solid lines represent model fits for lignin sulfonate transport in porous media using the convection-

dispersion equation. 

In contrast to quartz sand, the breakthrough of lignin sulfonate in carbonate sand differs from 

that of the bromide tracer (Figure 3.2), with a retardation factor of 1.78 and a distribution co-

efficient (Kd) of 0.277 cm
3
 g

-1
 (Table A-3, Appendix). This is explained by the adsorption of 

lignin sulfonate onto the carbonate grain surfaces and is in agreement with the increase in 
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zeta potential of the carbonate sand in the presence of lignin sulfonate (Figure 3.1a). These 

observations are also in accordance with the lignin sulfonate adsorption onto porous sand-

stone and dolomite reported in studies on enhanced oil recovery (Bai et al., 2009; Grigg and 

Bai, 2004). 

3.3.4. Effect of polyelectrolyte co-injection on PAA-nZVI transport 

The co-injection of polyelectrolytes (NOM, lignin sulfonate, CMC, and humic acid) at con-

centrations of 50 mg L
-1

 had no effect on PAA-nZVI transport in quartz sand. The break-

through of PAA-nZVI with all co-injected polyelectrolytes was similar to that for the pure 

PAA-nZVI suspension and remained at approximately 0.5 in all the experiments (Figure 

3.3a). The attachment efficiency (α, Equation 2.1, Chapter 2.2.6) and the deposition rate coef-

ficient (kCDE, Equation 2.4, Chapter 2.2.6) for PAA-nZVI co-injected with polyelectrolytes 

were both similar to those for the pure PAA-nZVI suspension (α = 0.3; kCDE = 0.006 s
-1

, Ta-

ble A-4, Appendix). This similar deposition and transport behavior in quartz sand for the pure 

PAA-nZVI suspension and for the suspension co-injected with different polyelectrolytes 

demonstrates that the repulsion between the polyelectrolytes and the quartz prevents any 

transport-relevant surface modification of the quartz grains. 

 

Figure 3.3. Breakthrough curves of PAA-nZVI co-injected with different polyelectrolytes in (a) 

quartz sand, and (b) carbonate sand (injection velocity: 6 x 10
-4

 m s
-1

, C0: 200 mg L
-1

 total iron in 1 

mM NaHCO3 and 50 mg L
-1

 polyelectrolyte, HA: humic acid, LS: lignin sulfonate). The solid lines 

are model fits of the breakthrough curves; for clarity only one is shown in (a) and two in (b). 

 

Quartz sand

Pore volume

0 1 2 3 4

C
/C

0

0.0

0.2

0.4

0.6

0.8

1.0

1.2
PAA-nZVI

PAA-nZVI+NOM

PAA-nZVI+LS

PAA-nZVI+CMC

PAA-nZVI+HA

Model

Carbonate sand

Pore volume

0 1 2 3 4

0.0

0.2

0.4

0.6

0.8

1.0

1.2
PAA-nZVI

PAA-nZVI+NOM

PAA-nZVI+LS

PAA-nZVI+CMC

PAA-nZVI+HA

Model

Tracer NaBr Tracer NaBr

(a) (b)



Nanoremediation 

45 

In contrast, the co-injection of different polyelectrolytes did affect PAA-nZVI transport in 

carbonate sand. The co-injection of 50 mg L
-1

 of polyelectrolyte increased the breakthrough 

from 0.20 (for the pure PAA-nZVI suspension) to approximately 0.35, irrespective of the 

type of polyelectrolyte used (Figure 3.3b). This can be related to the adsorption of the poly-

electrolytes onto the carbonate sand, which then increases the repulsion between the PAA-

nZVI and the carbonate grain surfaces. The PAA-nZVI attachment efficiency was reduced 

from 1.0 for the pure suspension to approximately 0.7 for the PAA-nZVI suspension co-

injected with polyelectrolytes (Table A-4, Appendix). The deposition rate coefficient was 

similarly reduced from 0.011 s
-1

 to 0.006 s
-1

 (Table A-4, Appendix). The reduced PAA-nZVI 

deposition onto the carbonate sand resulted in enhanced particle mobility and therefore great-

er overall PAA-nZVI travel distance. The maximum predicted travel distance in carbonate 

sand (at 99.9% of particle removal, Equation 2.3, Chapter 2.2.6) increased from 0.37 m for 

the pure suspension to 0.56 m for the PAA-nZVI suspension co-injected with polyelectrolytes 

(Table A-4, Appendix). Although the applied polyelectrolytes differ in their structural and 

chemical properties (Figure A-1, Table A-5, Appendix), they have the same overall effect on 

PAA-nZVI mobility in carbonate sand when they are present in concentrations of 50 mg L
-1

 

(Figure 3.3b). 

 

3.3.5. Effect of different concentrations of co-injected polyelectrolyte on PAA-nZVI 

transport 

The breakthrough of PAA-nZVI co-injected with different lignin sulfonate concentrations 

(10–500 mg L
-1

) in quartz sand remained steady at around 0.5, demonstrating that none of the 

lignin sulfonate concentrations tested had any effect on PAA-nZVI transport (Figure 3.4). 

The attachment efficiencies and deposition rate coefficients for the PAA-nZVI particles co-

injected with different lignin sulfonate concentrations were also similar to those for the pure 

PAA-nZVI suspension (α = 0.3; kCDE = 0.006 s
-1

, Table A-6, Appendix). 

In the experiments using carbonate sand, however, the PAA-nZVI breakthrough increased 

from 0.20 to 0.30 with 25 mg L
-1

 of co-injected lignin sulfonate, and to 0.37 with 50 mg L
-1

. 

The lowest lignin sulfate concentration (10 mg L
-1

) had no effect on the PAA-nZVI break-

through while the highest concentration (500 mg L
-1

) resulted in the highest PAA-nZVI 

breakthrough (0.40; Figure 3.5). 
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Figure 3.4. Breakthrough curves of PAA-nZVI co-injected with different lignin sulfonate (LS) con-

centrations in quartz sand (injection velocity: 6 x 10
-4

 m s
-1

, C0: 200 mg L
-1

 Fe in 1 mM NaHCO3 and 

0 to 500 mg L
-1

 LS). The solid line is a model fit of the breakthrough curve (only one is shown, for the 

sake of clarity). 

 

 

Figure 3.5. Breakthrough curves and model fits of for PAA-nZVI co-injected with different lignin 

sulfonate (LS) concentrations, in carbonate sand (injection velocity: 6 x 10
-4

 m s
-1

, C0: 200 mg L
-1

 to-

tal iron in 1 mM NaHCO3 and 0 to 500 mg L
-1

 lignin sulfonate). 

The deposition rate coefficient in carbonate sand was reduced from 0.011 for the pure PAA-

nZVI suspension to 0.006 s
-1

 for the PAA-nZVI suspension co-injected with 500 mg L
-1

 lig-

nin sulfonate (Table A-6, Appendix). This decrease in PAA-nZVI deposition with increasing 
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lignin sulfonate concentration is due to the blocking of favorable deposition sites and is 

matched by a corresponding decrease in attachment efficiency from 1.0 to 0.6 (Figure 3.6). 

The maximum predicted travel distance for the PAA-nZVI particles (at 99.9% of particle re-

moval) in carbonate sand consequently increased from 0.37 m to 0.64 m in the presence of 

500 mg L
-1

 lignin sulfonate. Somewhat shorter travel distances (0.37 m to 0.54 m) were ob-

served for the suspensions containing lower lignin sulfonate concentrations (Figure 3.6). The 

10-fold increase in lignin sulfonate concentration from 50 to 500 mg L
-1

 only produced a 

relatively small (10 cm) increase of the particle travel distance. 

 

Figure 3.6. Influence of co-injected lignin sulfonate concentration on attachment efficiency (α) and 

travel distance (LT) of PAA-nZVI in carbonate sand. 

 

3.3.6. Effect of calcium concentration on the transport of PAA-nZVI co-injected with 

polyelectrolyte 

The effect that increasing calcium concentrations have on the transport of PAA-nZVI co-

injected with lignin sulfonate (50 mg L
-1

) was evaluated for three different calcium concen-

trations (1, 2.5, and 5 mM CaCl2) and the results were compared with the PAA-nZVI 

transport with no co-injected lignin sulfonate and in the solely presence of calcium. 

The PAA-nZVI breakthrough in quartz sand with 50 mg L
-1

 of co-injected lignin sulfonate 

decreased from approximately 0.55 in 1 mM CaCl2 to 0.44 in 5 mM CaCl2 (Figure 3.7). This 

is higher than the PAA-nZVI breakthrough in the presence of calcium only and similar to the 

PAA-nZVI breakthrough in 1 mM NaHCO3 with neither polyelectrolyte nor calcium present 
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(Figure 3.3a). This demonstrated that the presence of lignin sulfonate can significantly in-

crease the PAA-nZVI mobility in quartz sand at high calcium concentrations. 
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Figure 3.7. Influence of calcium concentration on the PAA-nZVI breakthrough in (a) quartz sand, and 

(b) carbonate sand, with and without lignin sulfonate (50 mg L
-1

). 

In carbonate sand the breakthrough of PAA-nZVI co-injected with 50 mg L
-1

 lignin sulfonate 

decreased from 0.29 in 1 mM CaCl2 to 0.15 in 5 mM CaCl2. This is still significantly higher 

than the PAA-nZVI breakthrough in the presence of calcium only, for which almost no PAA-

nZVI breakthrough (0.03) was observed in a 5 mM calcium solution (Figure 3.7). The effect 

of calcium was, however, more pronounced in the carbonate sand than in the quartz sand. 

 

Figure 3.8. Influence of calcium concentration on the deposition kinetics of PAA-nZVI in quartz sand 

(QS) and carbonate sand (CS), with and without lignin sulfonate (50 mg L
-1

). 
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In both the quartz and carbonate sands the deposition rate coefficient (kCDE) for the PAA-

nZVI particles increased linearly with increasing calcium concentration, irrespective of 

whether the background solution contained only dissolved calcium, or dissolved calcium and 

50 mg L
-1

 of lignin sulfonate (Figure 3.8). The increase in the deposition rate coefficient with 

increasing calcium concentrations was, however, less pronounced in the presence of 50 mg L
-

1
 lignin sulfonate in both the quartz and carbonate sands (Figure 3.8). 

Overall, the results demonstrated that lignin sulfonate is able to increase PAA-nZVI stability 

(Table 3.1), reducing its attachment to collector surfaces and thereby increasing its mobility 

in both the quartz sand and the carbonate sand at high ionic strength and high dissolved calci-

um concentrations (Figure 3.7). 

3.4. Implications for field applications 

Our investigations have revealed that co-injection of polyelectrolytes can increase PAA-nZVI 

transport in carbonate sand. The degree of enhancement was similar for all of the polyelectro-

lytes investigated (NOM, humic acid, CMC, and lignin sulfonate), when applied in the same 

concentrations. However, lignin sulfonate is considered to be the most promising material for 

field application due to its availability in large quantities and its low price of about €10 kg
-1

, 

which compares favorably with €93 kg
-1

 for CMC, €500 kg
-1

m for humic acid (Sigma Al-

drich), and €3000 kg
-1

 for Suwannee River NOM (International Humic Substances Society). 

A concentration of 50 mg L
-1

 co-injected lignin sulfonate seems to be the most reasonable 

quantity in relation to overall material costs and its potential to increase the PAA-nZVI mo-

bility. 

Model simulations based on colloid filtration theory and the one dimensional transport equa-

tion have shown that the PAA-nZVI attachment efficiency and deposition rate coefficient de-

crease with increasing co-injected lignin sulfonate concentrations, under the investigated 

conditions. The maximum predicted travel distance for PAA-nZVI in carbonate sand is al-

most doubled when co-injected with lignin sulfonate. It should be noted that although the co-

injected polyelectrolytes had no observed effect on PAA-nZVI transport in the acid-washed 

quartz sand, an increase in nZVI mobility would be expect in natural quartz porous media, 

where positively charged heterogeneities (such as iron and aluminum oxides), and therefore 

preferential deposition sites for the polyelectrolytes, are invariably present. 

In the presence of high dissolved calcium concentrations (up to 5 mM), co-injection of lignin 

sulfonate has been shown to enhance PAA-nZVI transport irrespective of the type of porous 



Nanoremediation 

50 

media. Our results indicate that co-injecting lignin sulfonate at a concentration of 50 mg L
-1

 

reduces PAA-nZVI deposition in both quartz and carbonate sands when calcium concentra-

tions are high. 

The simplified systems (small-scale column experiments) and well-controlled experimental 

conditions applied in this study have served to elucidate the interactions between co-injected 

polyelectrolytes and the PAA-nZVI suspension, as well as the effect that these interactions 

have on PAA-nZVI transport. Further research on a larger scale will however be required, 

together with field investigations, to test the applicability of our results to natural (or near-

natural) systems.  

The application of additional agents such as polyelectrolytes together with the nZVI suspen-

sion will inevitably increase remediation costs. Site-specific assessment of hydrochemical 

and hydrogeological parameters will therefore be required to determine whether or not the 

improvement in nZVI transport achieved by co-injection of polyelectrolytes will justify the 

extra effort and cost involved. The effects of the polyelectrolytes on subsurface organisms 

also need to be evaluated, as they have the potential to promote bacterial growth in the sub-

surface (Kirschling et al., 2010), thereby enhancing the overall remediation effect by combin-

ing nZVI treatment with bioremediation (Su et al., 2012). 
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Abstract 

In situ thermal desorption (ISTD) is a remediation technique that increases the effectiveness 

of soil vapor extraction through the simultaneous application of heat and vacuum. In this 

study, ISTD was applied to remove a chlorinated solvent source from unsaturated soil be-

neath an existing aboveground infrastructure. A material flow analysis (MFA) was applied 

for the first time to assess the effectiveness of ISTD in the vadose zone and to reveal the total 

emission of chlorinated solvents into the environment before and during remediation. The 

principle of matter conservation used in MFA enabled the quantification of chlorinated sol-

vent flows in all matrices affected: soil, groundwater, and soil vapor. The MFA results re-

vealed that the mass removed by ISTD was similar to the mean chlorinated solvent mass es-

timated to have been present in the soil before remediation, indicating high effectiveness in 

contaminant removal. The remediation target value in soil vapor was achieved after 9 months 

of remediation, demonstrating the time efficiency of ISTD for this particular site. The MFA 

additionally provided an overview of the processes and contaminant transformations occur-

ring in the soil, water, and air compartments during the course of remediation. 

4.1. Introduction 

Chlorinated solvents, such as tetrachloroethene (PCE) and trichloroethene (TCE), are dense 

nonaqueous-phase liquids (DNAPLs) and among the most prevalent organic contaminants at 

industrial sites (U.S. EPA, 2004). Remediation of such contaminated sites is particularly chal-

lenging when chlorinated solvents are present in the form of residual droplets or pools in the 

subsurface beneath existing aboveground infrastructure. Because the dissolution and desorp-

tion/diffusion rates of chlorinated solvents are very slow, they represent a long-term source of 

soil and groundwater contamination (Poulsen and Kueper, 1992; Stroo et al., 2003; Yu, 

1995). When the excavation of contaminated soil is too costly or impossible (due to, for ex-
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ample, the presence of aboveground infrastructure), a common alternative used for soils af-

fected by volatile and semivolatile organic chemicals (such as PCE and TCE) is soil vapor 

extraction (Nobre and Nobre, 2004). The effectiveness of soil vapor extraction (SVE) can be 

hindered by heterogeneities in the soil’s permeability, moisture content, and DNAPL distri-

bution, as well as by mass-transfer limitations. The latter is caused by slow desorp-

tion/diffusion and the limited volatilization of the contaminants at normal soil temperatures 

(Brusseau et al., 2010; Heron et al., 1998; Massmann et al., 2000; Park et al., 2005). 

Thermally enhanced SVE has been proposed as a way to overcome the mass-transfer limita-

tions (Heron et al., 1998). Heating the soil increases the vapor pressure and the Henry’s law 

constant, resulting in enhanced chlorinated solvent extraction rates. 

Heating can be performed by injection of hot air, steam, or water into the soil, by applying an 

electrical current, or by placing heating elements in the ground. The injection of hot air, 

steam, or water suffers from the major disadvantage that the heat can only be successfully 

injected into highly permeable zones (Heron et al., 1998). For complex underground geologi-

cal systems in which impermeable layers of silt or clay are interspersed with more permeable 

layers, heating elements offer a better alternative (Triplett Kingston et al., 2010). 

In this study, thermal conductive heating, also known as in situ thermal desorption (ISTD), 

was applied for remediation of soil contaminated with chlorinated solvents. This technique 

involves the simultaneous application of an array of heating elements and SVE wells. Heat is 

primarily transferred into the soil by thermal conduction from heating elements, which typi-

cally operate at temperatures of around 600 C (Stegemeier and Vinegar, 2001). 

The effectiveness of ISTD for the removal of chlorinated solvents has, to date, been docu-

mented at only a few sites (Heron et al., 2009; LaChance et al., 2006; Triplett Kingston et al., 

2010). The performance of this remediation technique has, in most cases, been evaluated 

solely on the basis of the achievement of the target remediation values. The assessment of the 

effectiveness of soil remediation is limited to measurements of the contaminant concentration 

in the soil, taken before and after remediation (Heron et al., 2009; Park et al., 2005; 

Stegemeier and Vinegar, 2001). 

Material flow analysis is a method based on the law of conservation of mass for systematic 

assessment of the flows and stocks of materials within a system defined in both space and 

time (Brunner and Rechberger, 2004). It is a frequently applied decision-support tool in waste 

(Pires et al., 2011; Steubing et al., 2010) and resource management (Klinglmair and Fellner, 
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2010; Wang et al., 2007), as well as in life-cycle assessment (Brunner and Rechberger, 2004), 

the latter increasingly being used to study sustainable remediation practices (Kielenniva et al., 

2012; Sparrevik et al., 2011; U.S. Sustainable Remediation Forum, 2009). Material flow 

analysis, to our knowledge, has not been utilized to date to evaluate the performance of a re-

mediation process. 

The aim of this study was to use material flow analysis to assess the effectiveness of in situ 

thermal desorption, to determine and visualize the contaminant mass flows between soil 

compartments, and to determine the total emissions into the hydrosphere and atmosphere 

both before and during remediation. 

4.2. Material and methods 

4.2.1. Field site description and remediation goal 

The test site is located in the state of Lower Austria. The mean annual temperature in this re-

gion is 10 C and the mean annual precipitation ranges from 672 to 838 mm (ZAMG, 2012). 

At the test site, a former dry-cleaning facility caused subsurface contamination by chlorinated 

solvents across an area of approximately 400 m
2
. The surface area is now being used for 

commercial purposes and excavation of the contaminated soil was therefore not an alterna-

tive. 

The subsurface consists of a rock-fill layer (occasionally with sand and gravel) or a layer of 

gravel and silt extending to maximum depth of 2.5 m below ground surface (bgs), (Figure 

4.1, Profile W2). This is underlain by a layer of finer sediments (silt with fine sand or just 

fine sand) extending to a maximum depth of 4.8 m bgs, followed by a sequence of gravel (to 

a maximum of 6.8 m bgs), fine sediments (silt and fine sand) to 9.0 m bgs, sand to 11.0 or 

15.0 m bgs (Profile W1), and gravel to 15.0 m bgs, followed by an aquiclude of clay and 

marlstone (Figure 4.1). The groundwater table is between 8.0 and 9.3 m bgs, and the ground-

water flow is from southwest to northeast (Figure 4.2). 



In Situ Thermal Desorption 

54 

 

Figure 4.1. Subsurface profiles at the investigated site (for locations refer to Figure 4.2). 

The initial site investigation revealed up to 5000 mg m
−3

 (in extraction well E24, Figure 4.2) 

of chlorinated solvents and their degradation products in soil vapor, including PCE, TCE, 

1,1-dichloroethene, cis-1,2-dichloroethene, trans-1,2-dichloroethene, vinylchloride, 1,1,1-

trichloroethane, 1,1-dichloroethane, 1,2-dichlorethane, tetrachloromethane, trichloromethane, 

and dichloromethane. 

The source zone is estimated to have been close to extraction well E24 (Figure 4.2), which 

had chlorinated solvent concentrations up to 11,600 mg kg
−1

 in the soil at 5 m bgs. In the 

groundwater observation wells (W2, W3, W4, and W5, Figure 4.2), chlorinated solvent con-

centrations ranged from 0.9 (in W2) to 2400 g L
−1

 (in W4). 
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Figure 4.2. Layout of the remediation system, including heating elements, temperature monitoring 

strings, soil vapor extraction wells, and groundwater monitoring wells (the dashed line indicates the 

transect between groundwater wells W2 and W5; solid lines represent the test site division into four 

sections). 

The major contaminant in all matrices affected (soil vapor, soil, and groundwater) was PCE 

(>95% of the chlorinated solvent mass), together with lesser concentrations of TCE and its 

degradation product dichloroethene. Concentrations of other chlorinated solvents and degra-

dation products were close to or below detection limits (Appendix, Table A-7). 

The remediation goal defined by the local environmental agency was to reduce the concentra-

tions in the soil vapor to 10 mg m
−3

. ISTD was applied as a remediation technique only for 

the unsaturated zone. Contaminated groundwater was captured by a pump-and-treat (P&T) 

system (in well W1, Figure 4.2) and treated on-site with activated carbon. 

4.2.2. Field sampling, analyses, and implementation of in situ thermal desorption 

Soil samples were collected before remediation from depths between 1.5 and 9 m bgs, which 

yielded 75 samples from 27 boreholes. Chlorinated solvent concentrations were determined 

following standard procedures (ÖNORM S 2124, Austrian Standards Institute, 2006). In 



In Situ Thermal Desorption 

56 

brief, ~10-g samples of soil were transferred on-site into precleaned flasks containing 25 mL 

of methanol for subsequent extraction. After 30 min in an overhead shaker, the headspace 

samples were analyzed by gas chromatography–mass spectrometry (Agilent Technologies 

5973 system). The chlorinated compounds quantified in the soil samples included PCE, TCE, 

1,1-dichloroethene, cis-1,2-dichloroethene, trans-1,2-dichloroethene, vinylchloride, 1,1,1-

trichloroethane, 1,1-dichloroethane, 1,2-dichlorethane, tetrachloromethane, trichloromethane, 

and dichloromethane, later referred to as chlorinated solvents. 

We used ordinary kriging to predict the chlorinated solvent concentrations in the soil at un-

sampled locations and to quantify the uncertainty of the predictions (Goovaerts, 1999). The 

geostatistical analyses were performed using VESPER software (Minasny et al., 1999). The 

spatial correlations within the soil sample data were first estimated and modeled using spher-

ical semivariogram analysis. The monitoring data and the spherical semivariogram model 

were then used to estimate chlorinated solvent concentrations at unsampled locations and to 

calculate the associated statistical errors. 

The design of the ISTD remediation system was based on the total contaminant concentra-

tions in the soil vapor. According to these concentrations, the test site was divided into four 

sections: Section I with low concentrations, up to 85 mg m
−3

; Section II with low to interme-

diate concentrations, up to 900 mg m
−3

; Section III with intermediate concentrations, up to 

1100 mg m
−3

; and Section IV with high concentrations, up to 5000 mg m
−3

. The layout of the 

remediation system, which included heating elements, temperature monitoring strings, vapor 

extraction wells, and groundwater monitoring wells, is shown in Figure 4.2. 

A total of 70 heating elements were installed, operating at depths of 3.5 to 5.5 m bgs in Sec-

tion I, 3.0 to 6.0 m bgs in Sections II, III, and IV, and 4.0 to 7.0 m bgs in Section IV. Soil 

temperatures were recorded in 14 temperature-monitoring strings (Figure 4.2), each with 

temperature sensors set at 1-m intervals. 

Soil vapor was extracted from 28 extraction wells. The flows from these wells were com-

bined into five SVE strings according to their locations and extraction depths (Appendix, Ta-

ble A-8). Chlorinated solvents extracted via SVE strings were monitored up to six times per 

day during the remediation, using an online gas chromatograph (Meta 3 HE II, Messtech-

nische Systeme GmbH). Chlorinated solvents from each of the 28 SVE wells were also moni-

tored before soil heating and after 9 months following termination of the ISTD. 
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The chlorinated solvent mass extracted through each SVE string was determined using the 

vapor flow rate and the recorded chlorinated solvent concentrations. The extracted vapor was 

treated on-site with activated carbon, and chlorinated solvent concentrations in the treated 

effluents were monitored before their release into the atmosphere. 

The P&T system installed at the W1 well (Figure 4.2) prevented any eventual groundwater 

contamination as a result of increased mobilization of chlorinated solvents from the soil dur-

ing the ISTD. The pumping rate and chlorinated solvent concentrations were recorded and 

used for mass balance calculations. The extracted groundwater was treated on-site with acti-

vated carbon, and chlorinated solvent concentrations were monitored before release into the 

hydrosphere (i.e., into a nearby creek, not shown in Figure 4.2). 

4.2.3. Material flow analysis 

Material flow analysis (MFA), as defined by Brunner and Rechberger (2004), applies the law 

of conservation of mass for the identification and quantification of processes, flows, stocks of 

materials, and changes in stocks within spatially and temporally defined systems (Hendriks et 

al., 2000). For details, see Baccini and Brunner (1991). In this study, MFA was used for the 

first time as a tool for visualizing and evaluating the processes, flows, and stocks of contami-

nants before and during ISTD, as well as for identifying the intermediate and final sinks of 

contaminants. The modeling platform used was the STAN software (Cencic and Rechberger, 

2008). 

System definition 

The contaminated test site represented the system for the purposes of this study, and its spatial 

boundary was delineated by the extent of the contamination. The material investigated was 

the mixture of chlorinated solvents and their degradation products, dominated by PCE (>95% 

of the chlorinated solvent mass). A process in MFA is defined as a transport, transformation, 

or storage of material. The processes at the investigated site included the transport, transfor-

mation, and storage of chlorinated solvents within the soil, soil vapor, groundwater, atmos-

phere, and hydrosphere. Stocks in MFA are defined as material reservoirs (masses) within the 

processes. The stocks in this study were the chlorinated solvent masses within the different 

processes. Processes are linked by flows (mass per time) or fluxes (mass per time per unit ar-

ea) of material (in our case, chlorinated solvents). Flows or fluxes across system boundaries 

are referred to as imports or exports (Brunner and Rechberger, 2004). 
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Material flow analysis was performed in two phases, with Phase 1 covering the period of time 

from the earliest possible release of the chlorinated solvents to the start of remediation and 

Phase 2 covering the duration of the remediation. 

The temporal system boundary for Phase 1 was taken to be 33 years, which is the time span 

from the start of operations at the dry-cleaning facility to the start of remediation. For Phase 

2, the temporal system boundary was set to 1 year, covering the 9 months duration of the 

ISTD and a further 3 months required for the soil to cool down to the normal temperature 

(10–12 C). 

Seven relevant processes were identified for Phase 1 (Figure 4.3): the former dry-cleaning 

facility (1), soil (2), soil vapor (3), groundwater (4), natural attenuation in groundwater (5), 

the atmosphere (6), and the hydrosphere (7). 

These processes are interconnected via six material flows (Figure 4.3): chlorinated solvent 

emission from the former dry-cleaning facility into the soil (I), chlorinated solvent emission 

from the soil into soil vapor (II), chlorinated solvent emission from the soil into groundwater 

(III), chlorinated solvent changes due to natural attenuation in groundwater (IV), chlorinated 

solvent emission into the hydrosphere (V), and chlorinated solvent emission into the atmos-

phere (VI). 

In Phase 2, eight relevant processes were recognized (Figure 4.5): the former dry-cleaning 

facility (1), soil (2), soil vapor (3), groundwater (4), natural attenuation in groundwater (5), 

ISTD and P&T techniques (6), the atmosphere (7), and the hydrosphere (8). 

The eight processes were interconnected via 11 flows (Figure 4.5): chlorinated solvent emis-

sion from the former dry-cleaning facility into the soil (I), chlorinated solvent emission from 

the soil into soil vapor (II), chlorinated solvent emission from the soil into groundwater (III), 

chlorinated solvent changes due to natural attenuation in groundwater (IV), chlorinated sol-

vent emission into the hydrosphere (V), chlorinated solvent emission into the atmosphere 

(VI), chlorinated solvents extracted via the P&T system (VII), chlorinated solvents extracted 

via ISTD (VIII), chlorinated solvents captured by activated C (IX), chlorinated solvent emis-

sion into the atmosphere following activated C treatment of soil vapor extracted by ISTD (X), 

and chlorinated solvent emission into the hydrosphere following activated C treatment of 

groundwater captured by the P&T system (XI). 
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4.3. Results and discussion 

4.3.1. Material flow analysis for phase 1: before remediation 

For Phase 1 the material stock in the investigated system was defined as the chlorinated sol-

vent mass stored within the soil (Process 2, Figure 4.3). The export from the system was de-

fined as the combined flows of contaminants from soil vapor and groundwater into the at-

mosphere and hydrosphere (Fig. 2, Flows V and VI). The initial chlorinated solvent input 

from the dry-cleaning facility into the system or test site (Fig. 2, Flow I) was back-calculated 

as the sum of the chlorinated solvent stock in the soil and the total chlorinated solvent export-

ed before the start of remediation. 

 

Figure 4.3. Material flow analysis overview for Phase 1, including chlorinated solvent flows, stocks, 

and processes at the test site for the period prior to remediation (temporal system boundary: 33 years). 

Processes are depicted as rectangles. Material flows are indicated by arrows. 

4.3.1.1. Determination of the chlorinated solvent stock in soil before remediation 

The chlorinated solvent stock (mass) in the soil was estimated using the PCE concentrations 

(>95% of all contaminants) in 75 samples from the soil cores collected before remediation, 

which ranged from 0.1 to 1979.0 mg kg
−1

. 
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The soil was divided into three zones according to the sampling depth: Zone A (1.50–3.25 m 

bgs), Zone B (3.25–5.00 m bgs), and Zone C (5.00–7.00 m bgs). The concentrations at un-

sampled locations and their uncertainties were predicted for each zone using ordinary kriging, 

and then the mean chlorinated solvent concentration and its uncertainty were estimated. The 

semivariograms, interpolated chlorinated solvent concentrations, and kriging errors for all 

three zones are shown in the Appendix (figures A-2 to A-9). 

The chlorinated solvent mass in each zone was estimated using the mean chlorinated solvent 

concentration (derived from the measured and predicted values), its uncertainty, the size of 

the contaminated area (~400 m
2
), the thickness of each zone, and the dry soil bulk density 

(1.80 kg m
−3

, Table 4.1). The results indicated that the highest chlorinated solvent concentra-

tions were located in Zone B (3.25– 5.00 m bgs), with its peak values falling within Section 

IV (Figure 4.4). 

Table 4.1. Mean chlorinated solvent (CS) concentrations and masses in each zone, together with their 

uncertainties. 

Zone Zone thickness 
Mean CS concentration 

and uncertainty 

Estimated CS mass 

and uncertainty 

 m mg kg
-1 

Kg 

A 1.75 11±14 13±17 

B 1.75 168±452 204±548 

C 2.00 38±103 53±140 

 

 

Figure 4.4. Chlorinated solvent (CS) concentrations in Zone B (3.25–5.00 m bgs), based on kriging 

interpolations. 
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The total chlorinated solvent mass in the soil, namely the material stock, was calculated as 

the sum of the masses in all zones, resulting in a total figure of 270 kg  570 kg. The high 

uncertainty is a result of the limited number of soil samples, the steep concentration gradi-

ents, and the inhomogeneous contaminant distribution, all of which are commonly observed 

at contaminated sites (Hofmann et al., 2010; Xie et al., 2011). 

4.3.1.2. Assessment of the chlorinated solvent import and export before remediation 

The chlorinated solvent flux from soil vapor into the atmosphere (Figure 4.3, Flow VI) was 

based on the diffusive transport of contaminants. Advective transport due to, for example, 

barometric pumping as shown by Choi et al. (2002) is not expected to overwhelm the diffu-

sion effects in porous media and therefore was not included in this study. 

The chlorinated solvent mass flux (Figure 4.3, Flow VI) was calculated based on a one-

dimensional analysis using Fick’s first law and the effective diffusion coefficient for the 

dominating PCE after Millington and Quirk (1961). To account for the most severe contami-

nation, maximum concentrations were applied across the maximum duration of emission 

(33 years in this study, from the beginning of the dry-cleaning operations until the start of 

remediation). Parameters, such as the gas diffusion coefficient of PCE, tortuosity, air-filled 

porosity, chlorinated solvent concentration in the soil vapor, path length, and the size of the 

contaminated area were varied to account for variations within the subsurface (Appendix Ta-

ble A-9). The resulting estimates for diffusive vapor flux ranged between 0.6 and 3.0 kg yr
−1

. 

During a period of 33 years (the temporal system boundary for Phase 1), the corresponding 

estimates of contaminant mass emitted to the atmosphere ranged between 20 and 99 kg, with 

an average of ~60  40 kg (Figure 4.3). The reported uncertainty results from the differences 

in parameters used for the calculation of the diffusive chlorinated solvent flux, such as the 

concentration gradient and the size of contaminated area. Because the chlorinated solvents in 

the soil vapor derived from the soil, the same figure (60  40 kg) was used for the mass emit-

ted from the soil to soil vapor (Figure 4.3, Flow II). 

The chlorinated solvent mass flux from the soil via groundwater into the hydrosphere, includ-

ing natural attenuation in the groundwater (Figure 4.3), was calculated as the sum of the con-

taminant fluxes in four groundwater wells (W2, W3, W4, and W5) along the W2–W5 tran-

sect (Figure 4.2). This involved calculating the contaminant mass flux per well, the average 

groundwater flux at the test site, the cross-sectional area of the wells, and the average con-

taminant concentration recorded in the wells (Appendix, Table A-10). The chlorinated sol-
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vent concentrations ranged between 0.2 (Well W2) and 2400 g L
−1

 (Well W4). The chlorin-

ated solvent mass flux across the W2–W5 transect was 2.1  1.3 g d
−1

. During a period of 33 

years, this resulted in ~25  15 kg of chlorinated solvents emitted from the soil to groundwa-

ter (Flow III). The uncertainty results from the different aqueous contaminant concentrations 

at the investigated site (Appendix, Table A-10). 

The occurrence of natural attenuation (biodegradation) in groundwater was indicated by a 

shift in the 
13

C values of PCE and TCE (from samples collected from Wells W3 and W4 to 

downstream wells outside the test site; data not shown). Natural attenuation was therefore 

considered to be a relevant process between the groundwater and the hydrosphere (as often 

observed at industrial sites, e.g., Micić et al., 2007), but because its extent could not be quan-

tified, Flow IV was taken to be equal to Flow III and the chlorinated solvent emission to the 

hydrosphere (Flow V) was set to <25  15 kg. Natural attenuation in the unsaturated zone 

was not considered to be a relevant process due to the high PCE concentrations in both the 

soil and soil vapor, which can be toxic to indigenous bacteria, and the low concentrations of 

expected degradation products, such as cis-dichloroethene and vinylchloride (cis-

dichloroethene was one to three orders of magnitude less abundant in the soil and soil vapor 

than in water, while vinylchloride concentrations were below the detection limit in all matri-

ces affected). 

The total chlorinated solvent export from the system before remediation was therefore 85  

45 kg (the sum of chlorinated solvents emitted from soil vapor and groundwater into the at-

mosphere and hydrosphere; Figure 4.3, Flows V and VI). 

Finally, the back-calculated chlorinated solvent input from the dry-cleaning facility into the 

system (Figure 4.3, Flow I) was 360  570 kg (the sum of the chlorinated solvent stock and 

the overall export into the environment), representing the extent of initial contamination. 

The results of the MFA for Phase 1 showed that most (~75%) of the chlorinated solvents re-

leased into the subsurface by the former dry-cleaning facility remained in the soil, while the 

remaining ~25% was emitted into the hydrosphere and atmosphere. 

4.3.2. Material flow analysis for phase 2: during remediation 

For Phase 2, the material stock was defined as the chlorinated solvent mass extracted from 

the soil and groundwater using ISTD and P&T techniques (Figure 4.5, Flows VII and VIII 

and Process 6). The export from the system was defined as the chlorinated solvents captured 
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by activated carbon from soil vapor and groundwater (Flow XI), together with the chlorinated 

solvents emitted into the atmosphere and hydrosphere directly from the groundwater, includ-

ing natural attenuation (Flows IV and V) and soil vapor (Flow VI) and the contaminants 

emitted after the activated carbon treatment of groundwater and soil vapor (Figure 4.5, Flows 

IX and X). Because direct release of chlorinated solvents into the atmosphere and hydro-

sphere was prevented (due to the vacuum applied during ISTD and the capture of groundwa-

ter by the P&T system), Flows IV, V, and VI were set to zero. 

The chlorinated solvent import from the former dry-cleaning facility into the soil was also set 

to zero because the dry-cleaning facility no longer operated during Phase 2 (Figure 4.5, Flow 

I). 

 

Figure 4.5. Material flow analysis overview for Phase 2, including chlorinated solvent flows, stocks, 

and processes at the test site for the period of remediation (temporal system boundary: one year). Pro-

cesses are depicted as rectangles. Material flows are indicated by arrows. AC: activated carbon. 

4.3.2.1. Determination of the chlorinated solvent stock during remediation 

The chlorinated solvent stock (mass) in the soil was calculated using the chlorinated solvent 

masses extracted from the soil and groundwater during ISTD and P&T (Figure 4.5, Flows VII 

and VIII). 
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The chlorinated solvent mass extracted through ISTD was calculated using the vapor flow 

rate in the SVE strings and the monitored chlorinated solvent concentrations. The total chlo-

rinated solvent mass flux (the sum of the fluxes from all five SVE strings) reached its maxi-

mum of 7 kg d
−1

 after 6 weeks of ISTD. Most of the contaminant mass was extracted by SVE 

Strings 4 and 5, with the mass flux in the remaining SVE strings being significantly lower 

(Figure 4.6a). PCE was the most abundant extracted contaminant, comprising up to 95% of 

the total mass. The remediation target value of 10 mg m
−3

 in soil vapor was reached in all 

SVE wells after 9 months of ISTD. 

 

Figure 4.6. (a) Changes in chlorinated solvent mass flux from soil vapor during ISTD; (b) Chlorinat-

ed solvent mass extracted in SVE strings during ISTD. 

The total chlorinated solvent mass removed from the soil within 1 yr (the temporal boundary 

for Phase 2) was 350  10 kg (Figure 4.5, Flow VIII). Of this total, 195 kg (56%) was ex-

tracted from SVE String 5, 120 kg (35%) from SVE String 4, 25 kg (7%) from SVE String 3, 

and 5 kg (1%) each from SVE Strings 1 and 2 (Figure 4.6b). 

The chlorinated solvent mass extracted through the P&T system (in Well W1, Fig. 1) was 

determined using the pumping rate and the monitored chlorinated solvent concentrations. The 

resulting chlorinated solvent mass flux in the groundwater was 20.8  7.1 g d
−1

 (the uncer-

tainty derives from the different aqueous concentrations applied). During a period of 1 year, 

this resulted in 7.6  2.6 kg of contaminants removed from the groundwater through the P&T 

system (Figure 4.5, Flow VII). The MFA therefore demonstrated that the majority (98%) of 

the chlorinated solvents removed from the site was extracted by ISTD, while only 2% was 

extracted through the P&T system. 
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The total chlorinated solvent mass extracted from the test site was the sum of the chlorinated 

solvents extracted by ISTD and P&T, which came to a material stock of ~360  10 kg (Figure 

4.5). This calculated stock is similar to the mean chlorinated solvent mass in the soil estimat-

ed before the remediation (270  570 kg, Phase 1). Including the uncertainties associated with 

the mass in the soil (best-case scenario 0 kg and worst-case scenario 840 kg of contaminants 

in the soil), the recovery of contaminants ranged between 42 and 130%. Taking into account 

the reasons for the high uncertainty (e.g., steep contaminant concentrations, low sampling 

density) and the low chlorinated solvent concentrations in soil vapor at the end of the remedi-

ation (<10 mg m
−3

), however, both best- and worst-case scenarios are not realistic at the in-

vestigated site. This implies that the high predicted uncertainties in the initial contaminant 

mass have to be reported and critically evaluated on the basis of the abovementioned obsta-

cles and including the measurable concentrations at the end of the remediation process. 

The MFA results for Phases 1 and 2 together with the achievement of the remediation target 

values in soil vapor therefore implied that the majority of the chlorinated solvents in the soil 

was successfully extracted. 

4.3.2.2. Assessment of the chlorinated solvent export during remediation 

The chlorinated solvent emission into the atmosphere during remediation, calculated from the 

chlorinated solvent concentrations in the soil vapor after the activated carbon treatment and 

the vapor release rate, was 15  9 kg (Figure 4.5, Flow IX; the uncertainty derives from the 

different concentrations used for the soil vapor). The total emission of chlorinated solvents 

from the groundwater into the hydrosphere during Phase 2 was calculated from the chlorinat-

ed solvent concentrations in the groundwater (extracted via the P&T system and passed 

through activated carbon) and the pumping rate, resulting in a significantly lower value of 0.1 

 0.1 kg (Figure 4.5, Flow X; the uncertainty derives from the different aqueous concentra-

tions applied). 

To determine the chlorinated solvent mass captured by the activated carbon, the overall chlo-

rinated solvent mass extracted through ISTD and the P&T system (360  10 kg) was correct-

ed for the chlorinated solvent masses emitted into the atmosphere and hydrosphere (15.1  

9.1 kg, this being the sum of Flows IX and X), resulting in a figure of ~345  10 kg. 

Finally, the chlorinated solvent exported from the system was calculated as the sum of chlo-

rinated solvents released into the atmosphere and hydrosphere (Flow V = Flow VI = 0 and 
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Flow IX + Flow X = 15.1  9.1 kg) and the amount captured by the activated carbon (345  

10 kg), making a total of 360  13 kg (Figure 4.5). 

The MFA results showed that >95% of the chlorinated solvents removed through ISTD and 

the P&T system was captured by activated Carbon, while only 5% (15.1  9.1 kg) was re-

leased into the environment. This demonstrates that even though the ISTD enhanced the con-

taminant diffusion from the soil, there was only negligible contaminant emission into the en-

vironment. 

4.4. Conclusions 

In situ thermal desorption is a remediation technique that increases the effectiveness of SVE 

(Heron et al., 1998; Triplett Kingston et al., 2010). In this study, material flow analysis was 

used for the first time to assess the effectiveness of ISTD for the remediation of soils contam-

inated with chlorinated solvents and to reveal the total emission of chlorinated solvents into 

the environment, both before and during remediation. 

Material flow analysis was performed for the period before remediation (Phase 1: 33 years) 

and for the period covering the remediation time and subsequent soil cooling (Phase 2: 

1 year). The MFA for Phase 1 showed that an estimated 360  570 kg of chlorinated solvents 

(predominantly PCE) was released into the soil by the former dry-cleaning facility. The ma-

jority of contaminants was captured in the soil (270  570 kg), while 85  45 kg was emitted 

into the atmosphere and hydrosphere. The high values of relative uncertainty reported are 

common at contaminated sites for which the sampling density is low in relation to the com-

plex distribution of contaminants (Hofmann et al., 2010). Because an extended sampling pro-

gram is often not feasible in applied studies of this nature, these uncertainties have to be re-

ported and critically evaluated in the assessment of the remediation process. Although such 

high uncertainties could be minimized by increasing the sampling density, particularly in 

those areas with peak contaminant concentrations, this is not possible in most cases due to 

budgetary limitations. 

The mass removed during ISTD, as shown in the MFA, was similar to the mean chlorinated 

solvent mass estimated by ordinary kriging to have been in the soil initially. Furthermore, on-

ly a negligible amount of contaminants was released into the environment as a consequence 

of the remediation action. The MFA results have therefore shown that the ISTD technique 

was effective in removing the majority of chlorinated solvents from the soils at this test site, 
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which was supported by the low soil vapor concentrations by the end of the remediation. The 

target concentration in the soil vapor (<10 mg m
−3

) was reached after 9 months of remedia-

tion, indicating the time efficiency of this remediation approach. 

Our study has shown that MFA is a suitable tool for assessing the effectiveness of a remedia-

tion practice by connecting and quantifying the sources, the pathways, and the intermediate 

and final sinks of the contaminants. The principle of MFA should be applied on a routine ba-

sis, providing stakeholders with an overview of the processes and contaminant transfor-

mations in soil, water, and air phases during the course of remediation. By accounting for the 

effects that the remediation activities have on all affected environmental matrices (soil, water, 

and air), MFA enables decision-makers to evaluate not only the effectiveness of remediation 

but also its broader environmental impacts. Furthermore, by providing information on total 

contaminant emissions into the environment during the course of remediation, MFA offers an 

additional step forward toward achieving the best environmental management practices. 
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5. Summary and Outlook 

Sustainable and effective remediation techniques are needed in order to clean up contaminat-

ed land in a cost effective manner and to improve environmental quality. This thesis focused 

on two selected innovative in situ techniques for groundwater and soil contamination: 

nanoremediation and thermal desorption. 

 

Nanoremediation and in particular the application of nanoscale zero-valent iron (nZVI) has 

received increasing attention as an efficient in situ groundwater remediation technique. How-

ever, nanoremediation has not achieved widespread market and regulatory acceptance due to 

obstacles associated with its performance. The effectiveness of nanoremediation depends to a 

great extent on the emplacement of nZVI within the contaminated zone, which is limited by 

the mobility of nZVI in the subsurface. Improved understanding of nZVI mobility in the sub-

surface under various hydrochemical and hydrogeological conditions is therefore essential for 

the successful application of nanoremediation. 

Surface charge heterogeneities encountered in aquifers induced by, for example, 

mineralogical variations within the aquifer grains are known to significantly affect the 

transport and deposition of particles in porous media (Ryan and Elimelech, 1996). 

Nevertheless, their influence on the nZVI transport has rarely been investigated to date. In 

particluar carbonate minerals as model porous media have not been employed in any previous 

study, even though these materials often prevail in aquifers. 

Systematic investigations presented in this PhD thesis demonstrated that carbonate minerals 

in aquifers have a strong effect on the transport of polyacrylic acid coated nZVI (PAA-nZVI). 

Even a low proportion of carbonate minerals (10%) in the subsurface significantly increased 

the deposition of PAA-nZVI onto the aquifer grains. The favorable deposition of PAA-nZVI 

particles onto carbonate rather than quartz sand was attributed to the lower negative surface 

charge of carbonate sand. High dissolved calcium concentrations, which can be expected in 

carbonate-rich aquifers, are additionally limiting the PAA-nZVI transport due to increased 

particle aggregation and deposition onto the aquifer grains.  

Transport modeling performed in this thesis revealed that the attachment efficiency and depo-

sition rate coefficient increased linearly as the proportion of carbonate sand in the porous me-

dia increased. The maximum predicted travel distances for PAA-nZVI in pure carbonate sand 



Summary and Outlook 

70 

was not more than 0.3 m, which in practice reduces the chances that the nZVI particles are 

deliverable to the contaminated source zone in carbonate-rich aquifers. 

It is therefore necessary to improve nZVI mobility in carbonate-containing porous media and 

in the presence of high calcium concentrations. One strategy to increase the nZVI mobility in 

heterogeneous porous media is the modification of the aquifer grains by means of a polyelec-

trolyte coating. In this thesis four different polyelectrolytes were used for this purpose: natu-

ral organic matter, humic acid, carboxymethyl cellulose, and lignin sulfonate. 

The results of this PhD thesis have revealed that co-injection of the chosen polyelectrolytes 

can increase PAA-nZVI transport in carbonate sand. The degree of enhancement was similar 

for all of the polyelectrolytes investigated, when applied in the same concentrations. Lignin 

sulfonate was identified as the most suitable polyelectrolyte for field applications due to its 

availability in large quantities and its lower market price. The greatest increase in PAA-nZVI 

mobility was achieved with co-injected lignin sulfonate concentrations of 50 mg L
-1

 or more. 

The maximum predicted travel distance for PAA-nZVI in carbonate sand was almost doubled 

when co-injected with lignin sulfonate. Furthermore, the results of this thesis showed that in 

the presence of high dissolved calcium concentrations (up to 5 mM) co-injection of lignin 

sulfonate reduces PAA-nZVI deposition in both quartz and carbonate sands. 

The small-scale column experiments and well-controlled experimental conditions applied in 

this PhD thesis have therefore served to elucidate the interactions between (1) the PAA-nZVI 

particles and the aquifer matrix (quartz sand, carbonate sand, and mixtures of both), (2) the 

co-injected polyelectrolytes and the aquifer matrix (quartz and carbonate sand), and (3) the 

co-injected polyelectrolytes and the PAA-nZVI particles. The applied conditions additionally 

served to assess the effect that these different interactions have on the PAA-nZVI transport. 

Up-scaling the results presented in this PhD thesis to predict outcomes in a field system is 

complicated and associated with high uncertainties. Further research on large-scale settings is 

therefore required, together with field investigations, to test the applicability of the results 

presented in this PhD thesis to natural systems. In general, a detailed assessment of the 

transport and fate of nZVI in situ is necessary to assess the performance of the nZVI-based 

remediation technique. To achieve this, future research has to focus on analytical methods to 

detect and characterize nZVI particles under subsurface conditions. Johnson et al. (2013) de-

veloped a spectrophotometric method to directly quantify the extent of nZVI transport on-

site. In combination with a tracer test this approach allows to measure nZVI transport and 
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changes in groundwater flow during injection (Johnson et al., 2013). Other techniques could 

be based on nZVI properties (e.g., magnetic susceptibility measurement, Buchau et al., 2010) 

or changes in dissolved oxygen concentrations, redox potential, and solution pH (Elliott and 

Zhang, 2001; He et al., 2010; Zhang, 2003). 

The nZVI particles investigated in this thesis (commercially available, polyacrylic acid coat-

ed nZVI, NANOFER 25S, NANOIRON, s.r.o., Czech Republic) are not stable; in the PAA-

nZVI suspension a predominance of large aggregates (~1 µm) was observed. This showed 

that the surface modification by polyacrylic acid could not prevent extensive nZVI aggrega-

tion. Particle aggregation is, however, a major factor limiting nZVI transport. Future work is 

therefore needed to optimize particle properties with respect to their stability. It should be 

noted that the costs associated with nZVI synthesis are still relatively high. Ongoing research 

should therefore consider cost-effective production methods in order to achieve widespread 

market acceptance of this remediation technique. 

An additional critical aspect, especially regarding the regulatory acceptance of the nZVI ap-

plication for in situ groundwater remediation, is the ecotoxicological impact that the nZVI 

particles, their coatings and the co-injected polyelectrolytes may have on indigenous organ-

isms in aquifers. Kirschling et al. (2010) demonstrated that nZVI does not decrease the mi-

crobial abundance in an aquifer and that a polyelectrolyte coating (i.e., polyaspartate) can 

even stimulate microbial growth. The introduced polyelectrolytes (co-injected or as a particle 

coating) might therefore enhance the remediation by combining nZVI treatment with biore-

mediation. However, more such research is needed, especially at a field site, in order to test 

for any potential negative impact of nZVI particles and simultaneously introduced polyelec-

trolytes. 

 

In situ thermal desorption (ISTD) has already been applied at several sites contaminated by 

chlorinated solvents. A detailed assessment of an in situ thermal remediation practice is, 

however, still lacking. In this PhD thesis material flow analysis (MFA), a method based on 

the law of conservation of mass, has for the first time been used to assess the effectiveness of 

ISTD treatment of a soil contaminated by chlorinated solvents. 

The MFA performed in this PhD thesis enabled quantification of contaminant flows before 

and during the remediation in all environmental matrices affected (soil vapor, soil, and 

groundwater). The detailed assessment revealed that the chlorinated solvent mass removed 
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during the remediation was similar to the amount estimated to have been in the soil before 

remediation. On the basis of these results the ISTD in soil was judged to have performed ef-

fectively at the particular site. This was supported by the achievement of the remediation tar-

get value in soil vapor after nine months of remediation, with negligible contaminant release 

into environment during remediation. 

The results presented in this PhD thesis furthermore demonstrated the suitability of MFA as a 

tool for assessment of effectiveness of a remediation practices. The principle of MFA could 

be applied on a routine basis, since it allows evaluation of the remediation effectiveness, and 

also provides an overview of the processes and contaminant transformations occurring in 

soil-water-air compartments during the course of remediation. In addition, MFA enables as-

sessment of the total emission of chlorinated solvents into the environment, both prior to and 

during remediation.  

Further work on the applicability of MFA for other contaminated sites and innovative reme-

diation techniques is necessary to establish MFA as an assessment tool for remediation prac-

tices. 

 

Remediation of emerging contaminants and complex chemical mixtures is challenging and 

expensive. In order to address these challenges it is necessary to optimize currently available 

remediation techniques and to continuously develop new clean up strategies. The comprehen-

sive assessment of a remediation performance is one important step in the further develop-

ment and optimization of sustainable and effective remediation techniques. This assessment 

should consider all environmental effects of the remediation action in order to achieve the 

best environmental management practices. 
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A.1. Carbonate minerals in porous media decrease mobility of 

polyacrylic acid modified zero-valent iron nanoparticles used for 

groundwater remediation 

A.1.1. Porous media characteristics 

Table A-1. Chemical composition of the carbonate sand (CS). 

  
CS 1 CS 2 CS 3 Mean 

Standard 

deviation 

SiO2 [%] 0,31 0,32 0,31 0,31 0,01 

Al2O3 [%] 0,19 0,20 0,19 0,19 0,00 

Fe2O3 [%] 0,06 0,06 0,07 0,07 0,01 

CaO [%] 54,95 54,90 54,62 54,82 0,18 

MgO [%] 1,05 1,01 1,09 1,05 0,04 

Na2O [%] 0,04 0,03 0,04 0,04 0,00 

K2O [%] 0,02 0,04 0,03 0,03 0,01 

MnO [%] <0,01 <0,01 <0,01 <0,01 <0,01 

TiO2 [%] <0,01 <0,01 <0,01 <0,01 <0,01 

P2O5 [%] <0,01 <0,01 <0,01 <0,01 <0,01 

Glowing loss [%] 43,37 43,07 43,38 43,27 0,18 

Sum [%] 100,00 99,64 99,74 99,79 0,19 

 

The chemical composition of the carbonate sand was determined by inductively coupled 

plasma optical emission spectrometry (ICP-OES, Optima 5300DV, PerkinElmer) after chem-

ical digestion. 

A.1.2. Dissolution of the carbonate sand during the column experiment 

Table A-2. Changes in electrical conductivity (EC) and pH during the column experiment. 

Porous media Column inflow Column outflow 

 pH EC pH EC 

  μS cm
-1

  μS cm
-1

 

100% QS 8.32 92 8.35 95 

90:10% QS:CS 8.32 92 9.07 104 

50:50% QS:CS 8.32 92 9.04 111 

10:90% QS:CS 8.32 92 9.03 110 

100% CS 8.32 92 9.04 115 
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A.2. Mobility enhancement of nanoscale zero-valent iron in car-

bonate porous media through co-injection of polyelectrolytes 

A.2.1. Polyelectrolyte interaction with porous media 

Table A-3. Results of the convection-dispersion model for lignin sulfonate transport through quartz 

and carbonate sands. 

Porous media n v D R r
2
 ρb Kd 

  m s
-1

 cm
2
 s

-1
   g cm

-3
 cm

3
 g

-1
 

Quartz sand 0.39 6.5 x 10
-4 

0.056 0.99 0.995 1.62 / 

Carbonate sand 0.49 5.2 x 10
-4

 0.070 1.78 0.994 1.38 0.277 

Porosity (n), pore water velocity (v), hydrodynamic dispersion coefficient for lignin sulfonate (D), retardation factor (R), and 

distribution coefficient (Kd). 

Kd was determined using the following relationship: , where ρb is the bulk density 

of the media bed:  (ρquartz = 2.65 g cm
-3

; ρcalcite = 2.71 g cm
-3

). 

 

A.2.2. Effect of different polyelectrolytes on PAA-nZVI transport 

Table A-4. Transport and deposition parameters for PAA-nZVI particles co-injected with different 

polyelectrolytes in quartz and carbonate sands. 

 Polyelectrolyte dc
 

n v D kCDE r
2 

α LT(99.9) 

 50 mg L
-1

 mm  m s
-1

 cm
2
 s

-1
 s

-1
   m 

Q
u

ar
tz

 s
an

d
 

Pure PAA-nZVI 

0.68 0.38 6.7 x 10
-4

 

0.067 0.0060 0.990 0.32 0.82 

NOM 0.067 0.0054 0.993 0.29 0.89 

Lignin sulfonate 0.059 0.0058 0.998 0.31 0.85 

CMC 0.056 0.0057 0.998 0.31 0.85 

Humic acid 0.059 0.0057 0.992 0.28 0.92 

C
ar

b
o

n
at

e 
sa

n
d
 Pure PAA-nZVI 

0.75 0.49 5.2 x 10
-4

 

0.037 0.0110 0.982 1.03 0.37 

NOM 0.033 0.0076 0.996 0.74 0.51 

Lignin sulfonate 0.036 0.0072 0.987 0.70 0.54 

CMC 0.036 0.0075 0.987 0.76 0.50 

Humic acid 0.023 0.0068 0.995 0.68 0.56 

Mean diameter of the porous media (dc), porosity (n), pore water velocity (v), hydrodynamic dispersion coeffi-

cient for the PAA-nZVI particles (D), deposition rate coefficient (kCDE), attachment efficiency (α), and travel 

distance to remove 99.9% of the PAA-nZVI particles (LT). 
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A.2.3. Properties of the different polyelectrolytes 

 

              

 

            Natural organic matter/Humic acid                             Carboxymethyl cellulose                                Lignin sulfonate 

                    (after Stevenson, 1994) 

Figure A-1. Molecular structure of NOM/humic acid, CMC, and lignin sulfonate (R describes the 

basic structures found in lignin). Note that NOM is a complex mixture of plant and microbial resi-

dues, with variable structural and functional characteristics. Humic acid is a model substance repre-

senting the prevailing functional groups in the NOM structure. 

 

Table A-5. Elemental composition of the four investigated polyelectrolytes. 

Polyelectrolyte C [%] H [%] N [%] S [%] O [%] 

NOM
a
 52.47 4.19 1.10 0.65 42.69 

Humic acid 48.73 3.83 0.87 1.25 29.26 

Lignin sulfonate 39.14 4.773 1.028 6.254 33.00 

CMC 36.77 5.141 0.14 0.252 44.36 

 

The elemental composition (C, H, N, S, O) of the Suwannee River NOM was provided by the 

International Humic Substance Society. The elemental compositions (C, H, N, S) of the other 

polyelectrolytes were determined using an Elementar Vario MACRO CHNS analyzer. For 

oxygen measurements, the polyelectrolytes were combusted in a pyrolysis oven (Hekatech, 

Germany) and analyzed with an isotope ratio mass spectrometer (DeltaV Advantage, Thermo 

Scientific, Germany). 
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A.2.4. Effect of polyelectrolyte concentration on PAA-nZVI transport 

Table A-6. Transport and deposition parameters of the PAA-nZVI particles co-injected with different 

lignin sulfonate concentrations in quartz and carbonate sand. 

 Lignin sulfonate 

concentration 
dc

 
n v D kCDE r

2 
α LT(99.9) 

 mg L
-1

 mm  m s
-1

 cm
2
 s

-1
 s

-1
   m 

Q
u

ar
tz

 s
an

d
 

0 

0.68 0.38 6.7 x 10
-4

 

0.067 0.0060 0.990 0.31 0.82 

10 0.065 0.0066 0.992 0.34 0.75 

25 0.058 0.0058 0.994 0.31 0.85 

50 0.059 0.0058 0.998 0.31 0.85 

250 0.048 0.0055 0.996 0.29 0.90 

500 0.071 0.0056 0.984 0.31 0.85 

C
ar

b
o

n
at

e 
sa

n
d
 

0 

0.75 0.49 5.2 x 10
-4

 

0.037 0.0110 0.982 1.03 0.37 

10 0.037 0.0107 0.994 1.00 0.38 

25 0.028 0.0082 0.997 0.80 0.47 

50 0.036 0.0072 0.987 0.70 0.54 

250 0.024 0.0072 0.999 0.70 0.54 

500 0.028 0.0060 0.994 0.60 0.64 

Mean diameter of the porous media (dc), porosity (n), pore water velocity (v), hydrodynamic dispersion coeffi-

cient for the PAA-nZVI particles (D), deposition rate coefficient (kCDE), attachment efficiency (α), and travel 

distance to remove 99.9% of the PAA-nZVI particles (LT). 
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A.3. Material flow analysis: an effectiveness assessment tool for in 

situ thermal remediation 

A.3.1. Site description 

Table A-7. Minimum and maximum chlorinated solvent concentrations in all affected matrices prior 

to remediation. 

Compound Soil Soil vapor Groundwater 

 mg kg
-1

 mg m
-3

 µg L
-1

 

Tetrachloroethene <0.1 – 1979.0 10.4 – 2617 <0.1 – 1057.0 

Trichloroethene <0.1 – 5.6 <0.5 – 28.4 <0.05 – 14.2 

1,1-Dichloroethene <0.2 <0.5 <0.2 

cis-1,2-Dichloroethene <0.2 – 0.6 <0.5 – 63.4 <0.2 – 105.4 

trans-1,2-Dichloroethene <0.2 <0.5 <0.2 – 0.3 

Vinylchloride <0.1 <0.5 <0.2 

1,1,1-Trichloroethane <0.1 <0.5 <0.05 

1,1-Dichloroethane <2.0 <0.5 <2.0 

1,2-Dichlorethane <2.0 <0.5 <2.0 

Tetrachloromethane <0.1 <0.5 <0.02 

Trichloromethane <0.1 <0.5 <0.1 

Dichloromethane <2.0 <0.5 <2.0 

Minimum concentrations were limited by the detection limit for each compound (indicated by <). 

 

A.3.2. Field implementation of in situ thermal desorption 

Table A-8. Soil vapor extraction (SVE) strings, related SVE wells, their extraction depths (below 

ground surface, bgs), and their locations within the investigated site. 

SVE string SVE wells Extraction depth Location 

SVE string 1 E5, E9, E11, E26 1 – 2 m bgs Section II,III,IV 

SVE string 2 E17, E19, E21 1 – 2 m bgs Section III,IV 

SVE string 3 E1, E2, E3, E4, E6, E7, E8 4 – 6 m bgs Section I,II 

SVE string 4 E10, E12, E13, E14, E15, E16, E18 4 – 6 m bgs Section III 

SVE string 5 E20, E22, E23, E24, E25, E27, E28 4 – 6 m bgs Section IV 
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A.3.3. Ordinary kriging 

 

Figure A-2. Semivariogram for chlorinated solvent concentrations in Zone A (1.50–3.25 m below 

ground surface, bgs) 

The best fit to the empirical variograms for all three depth zones (A-C) was achieved by the 

spherical model. This model is characterized by a linear increase and a smooth transition to 

the sill (Hofmann et al., 2010). 

 

Figure A-3. Interpolated chlorinated solvent concentrations in Zone A (1.50–3.25 m bgs) 
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Figure A-4. Error map for chlorinated solvent concentrations in Zone A (1.50–3.25 m bgs) 

 

 

 

Figure A-5. Semivariogram for chlorinated solvent concentrations in Zone B (3.25–5.00 m bgs) 
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Figure A-6. Error map for chlorinated solvent concentrations in Zone B (3.25–5.00 m bgs) 

 

 

 

Figure A-7. Semivariogram for chlorinated solvent concentrations in Zone C (5.0–7.0 m bgs) 
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Figure A-8. Interpolated chlorinated solvent concentrations in Zone C (5.0–7.0 m bgs) 

 

 

Figure A-9. Error map for chlorinated solvent concentrations in Zone C (5.0–7.0 m bgs) 
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A.3.5. Chlorinated solvent mass flux from soil vapor into the atmosphere 

Fick’s first law 

 

   – diffusive vapor flux of chlorinated solvents 

   – concentration gradient of chlorinated solvents in soil vapor 

The chlorinated solvent concentration gradient was calculated using the minimum and maxi-

mum values from the depth at which the highest chlorinated solvent concentrations were rec-

orded (3 to 4 m bgs), while the chlorinated solvent concentration at the ground surface was 

set to zero. 

   – effective diffusion coefficient after Millington and Quirk (1961) 

 and  

  - molecular gas diffusion coefficient 

  - tortuosity 

  - air filled porosity 

  - overall porosity 

 

Table A-9. Estimated diffusive vapor flux of chlorinated solvents prior to remediation. 

 
Unit Maximum values Minimum values 

Gas diffusion coefficient of PCE ( ) m² s-1 8.0E-06 8.0E-06 

Tortuosity ( ) - 0.060 0.089 

Air filled porosity ( ) - 0.18 0.22 

Overall porosity ( ) - 0.4 0.4 

Effective diffusion coefficient ( ) m² s-1 4.8E-07 7.1E-07 

Chlorinated solvent concentrations in soil vapor ( ) mg m-³ 3000 1000 

Soil vapor extraction depth ( ) m 3 4 

Concentration gradient ( ) mg m-² 1000 250 

Diffusive vapor flux of chlorinated solvents ( ) mg m² d-1 41 15 

Contaminated area ( ) m² 200 100 

Annual CS emission ( ) kg a-1 3.0 0.6 

Total CS emission (in 33 years†) kg 99 20 

  †
 Period of 33 years: from the start of the dry-cleaning facility until the start of remediation. CS-chlorinated solvents. 
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A.3.6. Chlorinated solvent mass flux from groundwater into the hydro-

sphere 

The rate of contaminant mass transfer in groundwater passing the transect (W2 – W5, Fig. 1) 

was calculated as follows: 

 

MF = mass flux from source zone (g d
-1

)  

C = chlorinated solvent concentration (µg L
-1

) 

q = specific discharge (m d
-1

); q = kf*i; i = hydraulic gradient (~0.004); kf = hydraulic con-

ductivity (kf (well W2) = 4.15*10
-5

 m s
-1

, kf (well W3) = 4.08*10
-5

 m s
-1

, kf (well W4) = 

5.26*10
-5

 m s
-1

, kf (well W5) = 4.19*10
-5

 m s
-1

) 

A = cross-sectional area (width of the transect*aquifer thickness, m
2
) 

φ = Angle between the transect W2-W5 and the groundwater flow direction 

Table A-10. Estimation of the chlorinated solvent mass flux in groundwater passing along the W2–

W5 transect prior to remediation. 

 Unit W2 W3 W4 W5 Total/Average 

Width of the transect m 19.80 19.80 19.80 19.80 79 

Aquifer thickness m 6.40 6.60 6.60 5.70 6.3 

Cross-sectional area m² 127 131 131 113 501 

Average chlorinated solvent concentrations µg l
-1

 0.3 102 1158 50 328 

Estimated uncertainty of average chlorinated 

solvent concentration 
µg l

-1
 10 70 700 30  

Specific discharge m d
-1

 0.014 0.014 0.018 0.015 0.015 

Angle φ between transect and groundwater 

flow direction 
° 45 45 45 45 45 

Average chlorinated solvent mass flux  
g d

-1
 

0.00 0.13 1.93 0.06 2.1 

Uncertainty of chlorinated solvent mass flux  0.01 0.09 1.17 0.04 1.3 
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